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Non-native earthworms have invaded natural areas in the Great Lakes region of North America 
and are recognized as a threat to the ecological function and biodiversity of hardwood forests. In Chapter 
1, I present a literature review to examine the effects of invasive earthworms on hardwood forests in the 
Great Lakes region. In Chapter 2, I present a model using the thickness of the O horizon as a predictor 
variable to assess the presence of invasive earthworms in sugar maple basswood forests in the 
Chippewa National Forest in Northern Minnesota. In Chapter 3, I examine the effects of invasive 
earthworms on understory plant community composition over two decades in the Chippewa National 
Forest. By understanding the effects of invasive earthworms on understory plant composition over 
multiple decades, the biological consequences of earthworm invasion can be more effectively predicted 
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CHAPTER 1: INTRODUCTION 
 
 
Since the beginning of the Industrial Age, humans have entered into an era of rapid globalization. 
As people and commodities are transported throughout the world, the intentional and unintentional spread 
of invasive species has become an imminent and pressing global concern. Invasive species have far-
reaching implications on ecosystem function (Kauppi et al. 2017), ecosystem services (Walsh et al. 2016), 
and biodiversity (Cinar et al. 2014). There are an estimated 50,000 introduced, non-native species in the 
United States (Pimentel et al. 2005), of which 4,300 species are considered invasive (Corn et al. 1999). 
Studies have shown that the number of invasive species present in ecosystems is continuing to increase, 
and the rate of invasive species introduction is also on the rise (Mooney and Cleland 2001). The total 
economic costs associated with invasive species in the United States was estimated to be almost $120 
billion USD per year in 2005 (Pimentel et al. 2005). Although solutions to effectively address the threat of 
invasive species are varied, it is well-recognized that invasive species will continue to be a pressing 
environmental issue. 
The term ‘invasive species’ is somewhat loosely defined, with perceptions of invasiveness 
differing widely among the public, as well as scientists. Specifically, scientists disagree about the 
appropriate criteria for determining whether a species is invasive (Colautti and MacIsaac 2004). In 
general, a species is considered to be ‘introduced’ if it is non-native to the ecosystem in consideration – 
although the time frame for determining whether something is non-native versus native is debatable, 
given that dispersal and range expansion are common evolutionary processes. A species is considered 
‘invasive’ if, in addition to being ‘introduced,’ it is likely to cause economic or environmental harm or harm 
to human health (Invasive Species Advisory Committee 2006). Invasive species may alter ecosystem 
function, ecosystem services, or biodiversity. Not all introduced species become invasive; for example, 
many horticultural plants are able to persist in foreign ecosystems yet are not known to have become 
invasive. The definition of ‘invasive species’ provided by the Invasive Species Advisory Committee is 
2 
 
imperfect and fails to account for native species that have lost constraints on their population growth due 
to human activities that alter the landscape. A common example of this concept of ‘native invasives’ are 
the dense stands of the cosmopolitan bracken fern (Pteridium aquilinum) that often emerge and dominate 
deforested landscapes, negatively affecting regeneration and establishment of other native species. 
Therefore, it is important to consider the possibility that not all invasive species that cause harm are non-
native. In the future, the definition of invasive species may need to evolve with the growing number of 
organisms whose limiting factors have been altered or removed by humans – including those affected as 
a result of climate change. 
The body of literature investigating the impacts of invasive species is rapidly expanding, with over 
10,000 papers published over the last 30 years (Gurevitch et al. 2011). A recent conceptual framework 
synthesis identified three common characteristics of biological invasions: rapid local population increase, 
high dominance of one or a few species, and range expansion (Gurevitch et al. 2011). Invasive species 
can have far-reaching effects on native ecosystems. Some of the negative effects of invasive species 
introductions to ecosystems include outcompeting native species (Strayer et al. 2006), disrupting 
ecological processes (Dukes and Mooney 2004), creating localized niche loss, reducing wildlife habitat, 
and altering successional patterns (Lowe et al. 2000). 
 
1.1 Invasive earthworms 
Most publications investigating biological invasions in terrestrial ecosystems focus on 
aboveground invasive species, although subsurface species are beginning to receive additional study. In 
this thesis, I focus on the impacts of one group of belowground invasive species in particular: earthworms 
(suborder Lumbricina). In 2011, earthworm invasions into North American forests were identified as a top 
emerging issue with the potential for substantial impacts on biological diversity conservation (Sutherland 
et al. 2011). In addition, earthworm invasion has been identified as the driving force behind plant 
community change in northeastern North American forests (Nuzzo et al. 2009). Of the 256 species of 
earthworms that have been documented in the United States, 188 species are native and 68 species are 
considered non-native (Reynolds 2012). These invasive species can create large changes in native 
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ecosystems, especially where they have been introduced into areas that previously lacked native 
earthworms, such as much of the glaciated Northeast and Midwest. 
Following the recession of glaciers approximately 11,000 years ago, there have been no native, 
terrestrial earthworms present in North America north of the most recently glacial boundary. Since the 
onset of European settlement, exotic earthworms have been introduced to North American forests via 
ballast on incoming ships, imported plants and soils, and more recently through their widespread use as 
fishing bait (James & Hendrix 2004, Keller et al. 2007). In Minnesota, the greatest predictor of earthworm 
invasion is proximity to the nearest cabin, while in Wisconsin the greatest predictor is proximity to the 
nearest road (Holdsworth et al. 2007). 
Studies have shown that plants native to hardwood forests of the Upper Midwest, particularly 
those dependent upon an intact organic surface layer, have been adversely affected by earthworms (Hale 
et al. 2006; Holdsworth et al. 2007a), which has resulted in considerably altered plant community 
composition (Craven et al. 2016), and generally decreased understory plant diversity (Hale et al. 2006). 
Over the next several chapters, I investigate the long-term effects of invasive earthworms on plant 
community composition in the Chippewa National Forest in Northern Minnesota and explain how 
earthworms can alter soils, plants, and forest ecosystems. The remainder of this chapter is devoted to 
reviewing current literature on invasive earthworms on hardwood forest ecosystems, with a particular 
emphasis on research occurring in the Great Lakes region of North America. 
 
1.2 Invasive earthworms as ecosystem engineers 
Worms have been described as ‘ecosystem engineers’ due to their extensive effects on soil 
structure, nutrient cycling, and associated plant life (Jones et al. 1994; Holdsworth 2007). Worms function 
as detritivores, consuming leaf litter and humus and incorporating it into the mineral soils of the forest 
floor (Heneghan et al. 2007). Bohlen et al. (2004) group the effects of earthworms into three categories: 
physical, geochemical, and biological. In general, earthworm invasion can rapidly transform forest soils. 
This rapid environmental change can negatively impact organisms that do not have a history of 
coexistence with earthworms. 
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1.3 Ecological groups of earthworms 
The effects of earthworms on forest ecosystems vary depending on the number and types of 
ecological groups present. Earthworms are classified into ecological groups based on size, feeding 
preference, burrowing style, and location in the forest floor profile. Following the classification of 
earthworms described in “Earthworms of the Great Lakes”, there are four broad ecological groups of 
earthworms (Hale 2013, Table 1.1). 
 
Epigeic 
Epigeic earthworms live in the leaf litter layer and feed on surface litter, fungi, and bacteria (Hale 
2013). The most common species of epigeic earthworm found in the Great Lakes region is Dendrobaena 
octaedra. These worms are pigmented, small in size, non-burrowing, and generally have fewer impacts 
on the forest floor than other non-native earthworms. They are tolerant of poor-quality litter and coarse-
textured or acidic soils, and and are frequently the first earthworm ecological group to invade forests of 
the Great Lakes region (Hale et al. 2005a; Tiunov et al. 2006). Holdsworth et al. (2007) attributed this 
earthworm immigration pattern to differences in species traits among earthworm species, including 
differences in reproductive strategy, fecundity, cold tolerance, niche type, and colonization rates. 
 
Epi-endogeic 
Epi-endogeic earthworms can be found living in or just beneath the leaf litter layer in the upper 
soil (Hale 2013). These worms have pigmented skin, generally form shallow non-permanent burrows, and 
are a moderate size. They feed on surface leaf litter, organic material, fungi, and bacteria. Epi-endogeic 
earthworms are capable of greatly reducing leaf litter of the forest floor and substantially altering 
deciduous forest soils and plant communities. Lumbricus rubellus is an epi-endogeic earthworm that is 
found in the Great Lakes region. 
 
Endogeic 
Unlike epi-endogeic earthworms, endogeic earthworms do not have skin pigmentation (Hale 
2013). Endogeic earthworms live and feed exclusively in the mineral soil of the upper 50 centimeters of 
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the soil profile. They form permanent, horizontal, branching burrows. Their burrowing habit can lead to 
mixing of the mineral soil and broad expansion of the A horizon. Adult endogeic earthworms can be small 
or large. Aporrectodea and Octolasion species are examples of unpigmented, endogeic earthworms. 
 
Anecic 
Anecic earthworms are capable of burrowing up to two meters in depth. They form large, 
permanent vertical burrows (Hale 2013). The only species of this ecological group that is currently 
present in the Great Lakes region is Lumbricus terrestris, the night crawler. Lumbricus terrestris 
earthworms consume fresh leaf litter, which they pull down into their burrows. A recognizable ‘midden’, 
consisting of a pile of partially decomposed organic material and casting material overlaying a large 
vertical burrow, can be observed when adult Lumbricus terrestris earthworms are present in soils. Anecic 
earthworms constitute the largest size class of earthworms currently present in the Great Lakes region. 
Due to their preference for feeding on fresh organic material and their large size, established Lumbricus 
terrestris populations are capable of consuming large amounts of leaf litter and conspicuously altering 
forest soils and plant community composition. 
 
Synergistic effects 
Numerous studies have documented synergistic effects between earthworm ecological or 
functional groups whereby the impacts of multiple groups are greater than the sum of their individual 
effects (Lavelle 1997 Hale et al. 2006; Hopfensperger et al. 2011). Therefore, strategies to stop future 
introductions of earthworms can be beneficial even in forest areas where one or more earthworm 




1.4 Earthworms effects on soils 
Earthworms can cause compaction and mixing of soil horizons, alter soil carbon and 
phosphorous pools, change carbon-nitrogen ratios, and decrease fine-root biomass (Bohlen 2004). 
Ultimately, an earthworm invasion results in moving surface organics into the upper few inches of mineral 
soil (Suarez et al. 2006). In addition, earthworms can alter soil structure and increase microhabitat 
heterogeneity through the creation of middens and burrows. 
 
Mixing of soil horizons 
Invasive earthworms can create large changes in the presence and thickness of soil horizons in 
soils of the Great Lakes region. When burrowing earthworms are present, hardwood forest soils of 
Minnesota are transformed from moder humus into mull humus (Minnesota Department of Natural 
Resources 2013). Moder soils contain a top layer of organic material that is being decomposed and 
shallowly incorporated into the deeper mineral soil by soil fauna in the absence of earthworms. The O 
horizon of moder humus soils is fibrous near the surface and amorphous near the bottom. In contrast to 
moder humus soils, forest soils with invasive burrowing earthworms present are known as wormed mull 
(Minnesota Department of Natural Resources 2013). The primary decomposers of organic matter in 
wormed mull forests are earthworms. These soils contain a dark, organic-rich surface A horizon 
containing a mixture of litter, humus, and mineral soil that has been mixed by burrowing earthworms. The 
changes in soil structure and decomposition rate associated with soils transformed into mull humus can 
have large effects on plant communities. 
The presence of invasive earthworms is associated with a decreased thickness of the O horizon 
and an increased thickness of the A horizon (Hale et al. 2005b; Lyttle et al. 2014). In the Chippewa 
National Forest, Hale et al. (2005b) found that uninvaded hardwood soils and soils with only epigeic 
Dendrobaena octaedra earthworms present were characterized by a thick organic O horizon and a light 
brown A horizon. In contrast, heavily invaded areas containing Lumbricus terrestris, Lumbricus rubellus, 
and Aporrectodea spp. lacked an organic O horizon and contained a thick, black A horizon. Leading 
edges of earthworm invasion contained an organic horizon of intermediate thickness and a moderate 
biomass of Lumbricus rubellus, Aporrectodea spp., and Octolasion tyrtaeum earthworms.  
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Gundale (2002) measured the O and A soil horizons in sugar maple - basswood forests of the 
Chippewa National Forest. He further distinguished two layers within the O horizon: the O1 horizon, 
consisting of identifiable leaf litter, and the O2 horizon, consisting of organic matter, which was broken 
down beyond recognition. The A horizon was classified as the layer of black mixed mineral and organic 
soil that was located below the O horizon. Gundale found no significant association between the 
thickness of the A horizon and the presence of the epigeic earthworm Dendrobaena octaedra. The 
presence of the epi-endogeic earthworm Lumbricus rubellus, however, resulted in a significant decrease 
in thickness of the O1 and O2 horizons, and a significantly increased thickness of the A horizon. 
 
Soil bulk density 
Although earthworms are frequently credited with decreasing soil bulk density through burrowing, 
the effects of earthworms on soil bulk density are dependent upon soil type, land-use history, and 
earthworm assemblages. Landscapes that have been heavily altered by humans, such as agricultural 
fields and urban soils, can benefit from earthworms. In these settings, earthworms are credited with 
regenerating soil macropore structure following compaction events (Scharenbroch et al. 2011; Yvan et al. 
2012). In contrast to human-altered sites that have experienced mechanical compaction, in more natural 
soils, earthworms can have a range of effects on soil bulk density, from no effect on soil structure (Liu and 
Zou 2002), to an increased soil bulk density (Hale et al. 2005b), to a decreased soil bulk density 
(Clements et al. 1991). Uninvaded forests of the Great Lakes region generally have low bulk density soils 
due to the presence of a thick, spongy O horizon and native belowground invertebrates that promote 
bioturbation and soil aeration, such as spiders, beetles, and centipedes (Frelich et al. 2006). In forested 
sites of the Great Lakes region experiencing earthworm invasion, soil bulk density has generally 
increased due to a decreased O horizon thickness, reduced native belowground invertebrates, and soil 
ingestion and gut compaction by earthworms (Frelich et al. 2006). Invasive earthworms can increase bulk 
density in hardwood forests by ingesting soil, passing the soil through their gut, chemically and physically 
altering the soil, and creating castings. Castings of earthworms in deciduous forests are dense and 
contain fewer macro- and micropores than non-earthworm disturbed soils (McKenzie and Dexter 1987). 
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Invasive earthworms can create large changes in soil nutrient cycling. Hardwood forests of 
Ottawa National Forest in Michigan with greater invasive earthworm community richness contained higher 
carbon and nitrogen levels in the mineral soil (Gundale et al. 2005). Invasive earthworms can also affect 
soil carbon pools (Bohlen et al. 2004; Fahey et al. 2013). Fahey et al. (2013) found that Lumbricus 
terrestris and Lumbricus rubellus can significantly decrease carbon:nitrogen ratios and decrease soil 
organic matter. In addition, earthworm invasions decreased soil carbon storage in northern hardwood 
forests in the upper 20 centimeters of forest soils by 37 percent. Earthworms consume leaf litter, pass 
detritus through their guts, and deposit waste products in castings. Earthworm castings are rich in 
available nutrients, which can be readily taken up by plants. Moreover, invasive earthworms can cause a 
rapid release of available soil nutrients such as carbon, nitrogen, calcium, magnesium, potassium, and 
phosphorous, followed by nutrient leaching and depletion (Hale et al. 2008; Resner et al. 2015). Thus, 
forests with invasive earthworms’ present experience more rapid nutrient cycling than uninvaded forests 
of the Great Lakes region. 
There has been considerable debate about the effect of invasive earthworms on net carbon 
sequestration. Some shorter-term studies suggest that earthworms increase carbon dioxide emission 
(Speratti et al. 2008), while other studies have documented an increase of carbon stabilization in soil 
aggregates (Bossuyt et al. 2005). More studies appear to support the hypothesis that invasive 
earthworms increase carbon emissions, and a meta-analysis recently concluded that invasive earthworms 
could increase initial carbon dioxide emissions by 33 percent (Lubbers et al. 2013). However, Zhang et al. 
(2013) suggested that more studies appear to highlight the effects of earthworms on carbon dioxide 
production because carbon dioxide production is a simpler, more common measurement to quantify than 
carbon stabilization. As a solution, Zhang introduced the sequestration quotient as a tool to measure both 
carbon mineralization and carbon stabilization to determine the true net effect of invasive earthworms on 
terrestrial carbon sinks. In response, Lubbers (2017) re-examined both carbon mineralization and 
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stabilization simultaneously and found that earthworms created a net increase of initial carbon dioxide 
emissions of at least 25%. Even when considering both carbon emission and stabilization, it is difficult to 
predict earthworm effects on carbon, because earthworms can have indirect effects on other biota that 
influence carbon, such as altered plant growth (Dighton and Krumins 2014). 
 
Soil acidity 
Hardwood forest areas where earthworms were found typically had soils with a higher pH than 
noninvaded hardwood forest stands (Hopfensperger et al. 2011). Hopfensperger hypothesized that this 
was due to earthworm removal of the leaf litter layer and mixing of deeper base-rich mineral soils with 
surface soils. Similarly, Reich et al. (2005) found that earthworm abundance was associated with an 
increased soil pH, although this increase may be linked to earthworm preference for calcium-rich soils. 
Calcium is an important nutrient present in soils that aids in the buffering capacity of soils. The 
earthworm-mediated rapid release and subsequent nutrient depletion of calcium, magnesium, and 
potassium may cause forest soils to lose their soil buffering functionality (Dobson et al. 2017). 
 
1.5 Earthworm effects on the hydrologic cycle 
Earthworm effects on soil structure can alter the hydrologic cycle in forest ecosystems. Increases 
in soil bulk density and reduction of the O horizon alters the hydrologic cycle by increasing runoff and 
diminishing infiltration. These processes could favor more xeric site conditions, with future invaded forest 
areas experiencing a shift from mesic to dry-mesic plant community dominance (Frelich et al. 2006). 
Future studies are needed to examine the effects of invasive earthworms on water infiltration and 
hydrology in forests of the Great Lakes region.  
 
1.6 Effects of earthworms on mycorrhizal fungi 
Like earthworms, arbuscular mycorrhizal fungi can be classified as ‘ecosystem engineers’ with 
substantial impacts on belowground biota (Cameron 2010). Mycorrhizal fungi are ubiquitous in terrestrial 
ecosystems, with 80% of 3,617 land plants surveyed containing mycorrhizae (Wang and Qiu 2005). 
Mycorrhizal fungi can form symbiotic relationships with host plants, often conferring advantages to plants 
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such as increased nutrient uptake and increased disease, drought and herbivory resistance (Smith and 
Read 2010). The majority of research investigating the effects of earthworms on mycorrhizae focus on 
arbuscular mycorrhizal fungi, which is the most common form of mycorrhizae associated with 
angiosperms and gymnosperms. Earthworms can have positive effects on arbuscular mycorrhizal fungi 
by transporting spores, as well as negative effects by consuming and killing propagules and hyphae 
(Paudel et al. 2016). Although there is some evidence of increased arbuscular mycorrhizal fungi activity in 
areas invaded by earthworms (Dempsey et al. 2013), the majority of recent research suggests a net 
negative affect of invasive earthworms on arbuscular mycorrhizal fungi (Paudel et al. 2016, Lawrence et 
al. 2013). Preliminary research investigating the effects of invasive earthworms on ectomycorrhizal fungi 
suggest a similar decrease in ectomycorrhizae when invasive earthworms are present (Szlavecz et al. 
2011). 
In addition to decreasing the abundance of arbuscular mycorrhizal fungi, earthworms have been 
shown to significantly increase the ratio of bacteria to fungi (Dempsey et al. 2011). This is likely 
accomplished through the removal of the fungal-dominated organic layer, although earthworms also 
locally increased the ratio of bacteria to fungi in the mineral soil. Overall, invasive earthworms can trigger 
large changes in fungal and bacterial microbial communities, ultimately affecting other soil biota with 
direct and indirect interactions with these symbionts. 
 
1.7 Effects of earthworms on soil microbes 
Soil microbes refer to any microscopic, soil-dwelling organism, especially bacteria, fungi, 
protozoa, and viruses. Soil microbial biomass, respiration, and metabolic quotient were measured by 
Eisenhauer et. al (2011) at sugar maple-dominated forests in the Chippewa National Forest and the 
Chequamegon-Nicolette Forest in Wisconsin. The study found significant effects of earthworm invasion 
on soil microbial biomass and respiration, particularly at the leading edge of earthworm invasion. These 
changes were attributed to increased water stress on soil microbes at the invasion front resulting from 
earthworm burrowing and soil compaction. Eisenhauer suggested that, after the peak of the earthworm 
invasion front had been reached, a new, altered soil microbial community structure would become 
established. This microbial community would be smaller but more active, likely consisting of less fungi, 
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whose hyphal networks would be disrupted, and more disturbance-resistant bacteria. This increase in the 
ratio of bacteria to fungi could result in competitive advantages or disadvantages for plant species with 
symbioses with specific fungi or bacteria (Dempsey et al. 2011). 
 
1.8 Effects of earthworms on flora 
Earthworms can alter forest plant communities directly and indirectly. Earthworms are capable of 
modifying soil microhabitats, accentuating drought events, conferring a competitive advantage to 
graminoids, facilitating non-native plant species invasions, and decreasing fine root biomass (Jennings 
and Watmough 2016). Dense soils produced by earthworms can directly hinder the ability of plants to 
establish root systems (Fisk et al. 2004; Hale et al. 2005). 
As described previously, earthworms can affect arbuscular mycorrhizal fungi, which in turn can 
affect plant species that have obligate or facultative relationships with mycorrhizae (Paudel et al. 2016). In 
addition, the invasion of exotic earthworms on lands that are also experiencing exotic plant species 
invasion can result in an ‘invasional meltdown’, whereby multiple invasive species facilitate the spread of 
one another (Heneghan et al. 2007). In the case of buckthorn (Rhamnus cathartica), an invasive shrub 
present in many areas of the Midwest, the presence of invasive earthworms was associated with an 
increase in the number of buckthorn seedlings and biomass by one third (Roth et al. 2015). Buckthorn 
and other invasive plants may possess a competitive advantage in forests invaded by earthworms when 
compared to understory plants that lack a coevolutionary history with earthworms. 
A meta-analysis that investigated the impacts of invasive earthworms on understory plant 
community composition in North American forests found that invasive earthworms significantly affected 
plant species diversity, and that greater numbers of earthworm ecological groups within a study area 
resulted in larger negative repercussions on plant species diversity (Craven et al. 2017). The study found 
that plant species richness and evenness were not significantly affected by earthworm invasion, although 
plant diversity (Shannon-Wiener diversity index) was significantly negatively affected by earthworm 
ecological group richness. Earthworm invasion was also positively associated with greater non-native 
plant cover (Craven et al. 2017). Because many non-native plant species evolved in areas where native 
earthworms were present, these plants may have adaptations to earthworm activity. This may confer a 
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competitive advantage to non-native plants when compared to plants native to the Great Lakes region. 
The meta-analysis concluded that earthworm invasion had varied effects on native plant species, 
speculating that these mixed effects may be due to differences in drought and frost tolerance, mycorrhizal 
associations, and root herbivory tolerance. The meta-analysis found a consistent shift in plant community 
composition toward increased graminoid cover. 
Several studies have demonstrated earthworm preference for different types of litter. In the Great 
Lakes region, earthworms have been shown to preferentially consume leaf litter that contains high 
calcium concentrations and low lignin to nitrogen ratios (Holdsworth et al. 2008). The decomposition of 
Tilia americana leaf litter was greater than the decomposition of Acer saccharum, which was greater or 
equal to the decomposition of Quercus rubra. An experiment conducted by Suarez et al. (2006) over a 
period of 540 days found that rates of disappearance of sugar maple litter were higher than 
disappearance rates of oak litter during a one-year period, but by the end of the experiment the amount of 
leaf litter remaining at the study site was identical. 
Earthworms can affect forest seed banks directly through the predation, ingestion, and movement 
of seeds within the seed bank (Milcu et al. 2006). Forest seed banks can be further affected by 
earthworm bioturbation (Eisenhauer et al. 2009) and disruption of hyphal networks (Lawrence et al. 
2003). Seeds that are deposited by earthworms near the surface of the soil in nitrogen-rich casts may 
have higher rates of germination, while seeds that are deposited in deep earthworm burrows may fail to 
germinate (Forey et al. 2011). These mechanisms can result in substantially altered contributions of seed 
banks to tree regeneration and resulting understory plant community composition (Nuzzo et al. 2015). 
Rare plants, which often already experience reduced and isolated habitat patches, may be 
particularly susceptible to negative repercussions associated with invasive earthworm introductions. In 
particular, invasive earthworms may affect rare plants that depend on an intact leaf litter or organic layer 
for particular stages of their life cycle. A study of the rare goblin fern (Botrychium mormo) in the Chippewa 
National Forest found that Lumbricus rubellus, an epi-endogeic earthworm, was significantly associated 
with Botrychium mormo extirpation (Gundale 2002). A subsequent mesocosm experiment demonstrated 
that the thickness of the O2 horizon decreased when Lumbricus rubellus was present, and that the 
intrinsic rate of increase for Botrychium mormo could be explained by the thickness of the O2 soil horizon. 
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The study further concluded that the introduction of certain earthworm ecological groups could contribute 
to the eventual extirpation of one or more associated rare plant species, such as Botrychium lanceolatum, 
Botrychium minganense, Botrychium simplex, and Botrychium pallidum. 
 
1.9 Effects of earthworms on fauna 
By altering the physical structure of soil, earthworms can increase habitat heterogeneity. This, in 
turn, can have mixed effects on native soil fauna and aboveground animals. A review by Migge-Kleian et 
al. (2006) suggests that earthworms may increase microhabitat complexity in the short term but decrease 
microhabitat complexity in the long term. They further predict that invasive earthworms will initially 
increase faunal diversity but decrease faunal diversity in the long term, although the long-term outcome 
would be partially dependent on earthworm abundance and the ecological groups present.  
 
Microarthropods 
Although over the short term the effects of earthworms on microarthropods appear to be mixed 
(both positive and negative effects), over the long term the invasive earthworm effects on 
microarthropods have been found to be largely negative, potentially due to reduced habitat complexity 
and increased mechanical disturbance (Migge-Kleian et al. 2006). A literature review by Eisenhauer 
(2010) on the effects of invasive earthworms on soil microarthropods found that endogeic earthworms 
competed with microarthropods for food and had largely negative effects on microarthropods. In contrast, 
the effects of anecic earthworms on soil microarthropods were neutral at the habitat scale and positive at 
the microhabitat scale. The review found only four studies examining the effects of epigeic earthworms on 
soil microarthropods and concluded that the effects of this ecological group warranted further study. 
 
Enchytraeids 
Enchytraeids are functionally similar to earthworms, however they belong to the Clittelata class of 
annelids while earthworms belong to the Oligochaeta class. Unlike terrestrial earthworms, there are 
enchytraeids that are native to the Great Lakes area. A study of hardwood forests in the Chippewa and 
the Chequamegon-Nicolet National Forests found that invasive European earthworms altered 
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Enchytraeid community composition and negatively affected Enchytraeid species richness 
(Schlaghamerský et al. 2014). A loss of enchytraeid communities represents a loss of native belowground 




A study of hardwood forests in the state of New York found that invasive earthworms reduced 
deer tick (Ixodes scapularis) density, likely by reducing suitable habitat present on the forest floor (Burtis 
et al. 2014). The study found that invasive earthworms reduced nymph Ixodes scapularis tick density by 
46 percent and reduced larval density by 29 percent. Although invasive earthworms may have a negative 
effect on deer tick densities, other compounding factors - such as increased deer populations and climate 
change - may result in increased tick densities in the future. 
 
Birds 
Although one might assume that birds would be positively affected by the introduction of invasive 
earthworms due to worms providing an additional source of prey, recent studies have demonstrated the 
opposite effect. Loss et al. (2012) investigated the impact of Lumbricus terrestris earthworms on ground 
nesting songbirds in the Chippewa and Chequamegon-Nicolet National Forests. They found that ovenbird 
(Seiurus aurocapilla) density was significantly lower at sugar maple-basswood sites invaded with 
Lumbricus terrestris earthworms than non-invaded sites. The study found no significant difference 
between invaded and non-invaded sites for densities of hermit thrush (Catharus guttatus), black-and-
white warbler (Mniotilta varia), and veery (Catharus fuscescens). The results of this study indicate that 
invasive earthworms may be capable of altering aboveground vertebrate species dynamics. 
 
Salamanders 
Earthworms can function as predators, prey, or competitors relative to animals living in forested 
ecosystems. One study found that in the presence of the invasive earthworm Lumbricus terrestris, the 
red-backed salamander (Plethodon cinereus) appeared to utilize earthworm burrows as microhabitat 
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(Cáceres-charneco et al. 2010). In addition to providing refugia for the red-backed salamander, 
earthworms can also serve as a food source, or indirectly compete as prey items with other 
microinvertebrates (Ransom 2012). Ransom (2012) found that Lumbricus terrestris had a net positive 
effect on the abundance of the red-backed salamander during summer months, as well as a positive 
effect on its survival during winter months.  
In contrast to Ransom et al., a 2009 study by Maerz et al. found a decrease in woodland 
salamander abundance in hardwood forests that could be attributed to invasive earthworms. The study 
found an exponential decrease in salamander abundance associated with decreasing leaf litter volume. 
Decreased leaf litter volume negatively affected small arthropods, which are a key source of prey for 
woodland salamanders. 
 
1.10 Patterns of invasion 
At a global scale, earthworm characteristics that facilitate invasion include broad environmental 
tolerance, the capacity to withstand travel in dormancy or as cocoons (egg cases), widespread dispersal 
ability, high fecundity, continuous breeding, short incubation time, high hatching success, and 
parthenogenesis (Hendrix et al. 2008). In the western Great Lakes region, earthworm invasions were best 
predicted by human activity and land use, earthworm population composition associated with transport, 
and soil and leaf litter properties (Tiunov et al. 2006). A study of upland deciduous forests in the National 
Wildlife Refuges of the upper Midwest found that forests that were most heavily invaded exhibited low 
conifer dominance, high silt content, high basal area, and were closer to roads (Shartell et al. 2015). 
Overall, refuges with greater rates of human activity possessed greater earthworm biomass. 
In the Chippewa National Forest, a transect sampled from 1998 to 2001 found that epigeic 
earthworms invaded first, followed by endogeic earthworms, and then anecic earthworms (Hale et al. 
2005). A 2009 study using this same transect found the same earthworm assemblage group trend 
continued along the invasion front (Lyttle et al. 2014). Holdsworth et al. (2007) witnessed a similar 
earthworm ecological group invasion pattern, determining that Dendrobaena octaedra invaded first, 
followed by Aporrectodea spp and Lumbricus juveniles, followed by Lumbricus rubellus, and followed 
lastly by Lumbricus terrestris. Although individual sites may have different initial earthworm species 
16 
 
compositions, the overall pattern of earthworm ecological group invasions appear to follow this general 
pattern. 
 
1.11 Rate of invasion 
Earthworms are spreading into forests of the Great Lakes region at a rapid rate, and it is 
expected that the number of hardwood forests in this region experiencing invasion by earthworms will 
increase in the coming century (Eisenhauer et al. 2014). Over a period of eight years, the leading edge of 
earthworm invasion in the Chippewa National Forest in Minnesota advanced at a rate of five meters per 
year (Lyttle et al. 2015). Although leading edges of earthworm invasion advance relatively slowly, there 
are currently many epicenters of earthworm invasion in the region due to human-mediated dispersal. 
Earthworms present in the Chippewa National Forest are likely introduced to forests primarily by 
fishermen discarding bait and by transport associated with vehicles and logging equipment. 
 
1.12 The Chippewa National Forest 
Earthworms first gained recognition and notoriety as an invasive species in the Chippewa 
National Forest during the 1990s (Mortensen and Mortensen 1998). Since then, the Chippewa National 
Forest has frequently been used as a study site for investigating the impacts of invasive earthworms on 
forest ecosystems. In 2002, Gundale investigated the effects of invasive earthworms on a rare moonwort 
species in the Chippewa National Forest. Following this, Hale conducted research in the Chippewa 
National Forest (Hale 2004) that led to many new discoveries, experimental techniques and management 
tools, including: 1) user-friendly guides for invasive earthworm identification, 2) methods for sampling 
earthworms, 3) the creation of allometric equations for estimating biomass of selected earthworms, 4) 
characterization of earthworm assemblages occurring in the Chippewa National Forest, 5) research on 
the effects of invasive earthworms on forest soils, and 6) research on the effects of invasive earthworms 
on forest plant communities. Many studies in the Chippewa National Forest have spawned from this initial 
research, and the Chippewa National Forest continues to be an important location for study of the effects 
of earthworm invasion. 
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In the past, leading edges of earthworm invasion have been studied in the Chippewa National 
Forest (Hale 2004). This has provided the opportunity to compare invaded and uninvaded tracts of 
forested land. However, less is known about the long-term effects of invasive earthworms on forested 
ecosystems. By comparing understory plant diversity that was present in the Chippewa National Forest 
between 1989 and 1996 to that present today, we can begin to assess long-term trends in plant 
community composition associated with earthworm invasions. Given the presence of permanent 
vegetation plots located in the Chippewa National Forest, the availability of data documenting past 
understory plant diversity in the forest, and the various stages of earthworm invasions that are currently 
present in the forest, a unique research opportunity exists. I can compare three types of communities in 
the Chippewa National Forest: 1) those with little or no earthworm activity, 2) those with earthworm 
invasions occurring between the 1989 to 1996 sampling, and 3) those where invasive earthworms have 
been established for over two decades. By comparing these three stages of ‘earthworm succession’, 
current trends in earthworm assemblages can be revealed, while future prognoses of invasive 
earthworms on forest ecosystems can be projected.  
 
1.13 Structure of thesis 
The overall purpose of this thesis is to investigate the long-term effects of invasive earthworms on 
understory plant community composition in the Chippewa National Forest; particularly in sugar maple – 
basswood forests. It is unknown whether the effects of earthworm invasion will intensify or be diminished 
over time, or whether this invasion will lead to long-term changes and a new, altered, steady-state forest 
plant community. This thesis fills a prominent gap in the literature by 1) developing a model to predict the 
presence of invasive earthworms in historic long-term vegetation plots, 2) applying this model to explore 
the effects of invasive earthworms on understory plant community composition over two decades, and 3) 
enriching existing scientific literature by examining the effects of earthworm invasion on understory plant 
community composition. 
In Chapter 2, I investigate the feasibility of using soil horizons to predict the presence of particular 
earthworm assemblage groups. Here, I create generalized linear models (GLM) to predict the presence or 
absence of various earthworm assemblage groups using soil horizons as predictor variables. I then apply 
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this predictive framework to historic soil horizon data from permanent relevés in the Chippewa National 
Forest to classify these relevés into various wormed and unwormed categories. Lastly, I use the predicted 
earthworm model to summarize the changes in soil horizons with earthworm immigration into my study 
sites over the past 30 years. 
In Chapter 3, I first classify my historic sites into wormed and unwormed categories using the soil 
horizon-predicted earthworm models developed in Chapter 2. I then investigate the long-term effects of 
invasive earthworms on plant community composition of sugar maple-basswood forests in the Chippewa 
National Forest using ordination approaches. Finally, I investigate how plant community composition has 
changed in the Chippewa National Forest over time, and how much of this variation can be attributed to 
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Table 1.1. Invasive earthworm species of the Chippewa National Forest observed in Summer 2017 (see 
Chapter 2).  
Selected invasive earthworm species of the Great Lakes region 
Species Ecological group Origin 
Dendrobaena octaedra epigeic Europe 
Lumbricus terrestris anecic Europe 
Lumbricus rubellus epi-endogeic Europe 
Apporectodea spp. endogeic Europe 
Octolasion spp. endogeic Europe 
Dendrodrilus rubidus epigeic Europe 
Eiseniella tetraedra epigeic Europe 











CHAPTER 2: PREDICTING THE PRESENCE OF INVASIVE EARTHWORMS USING SOIL HORIZONS 
IN SUGAR-MAPLE BASSWOOD FORESTS OF THE CHIPPEWA NATIONAL FOREST 
 
Introduction 
Since the time of the Quaternary glaciation, there have been no native earthworms present in the 
previously glaciated regions of eastern and central North America (Reynolds 1994). However, beginning 
with European settlers, exotic earthworms have been introduced to forests through ballast on incoming 
ships, imported plants and soils, and more recently through their widespread use as fishing bait (Keller et 
al. 2007). Studies have shown that plants native to hardwood forests of the Upper Midwest, particularly 
those dependent on an intact organic surface layer, have been adversely affected by earthworms (Hale et 
al. 2006; Holdsworth et al. 2007; Nuzzo et al. 2009). 
Worms have been described as ‘ecosystem engineers’ due to their extensive effects on soil 
structure, nutrient cycling, and associated plant life (Jones et al. 1994; Holdsworth 2007). Worms function 
as detritivores, consuming leaf litter and humus and incorporating this organic material into the mineral 
soil. Earthworm presence has been shown to alter species diversity in both below and aboveground biota 
(Paudel et al. 2016). Although there has been a growing body of scientific research documenting the 
effects of invasive earthworms on forests, research until this point has largely focused on the short-term 
effects of invasive earthworms on forests (Sackett et al. 2013; Cassin and Kotanen 2016), or on changes 
associated with the leading edges of earthworm invasion (Hale 2005a; Eisenhauer et al. 2011). To the 
best of my knowledge, there are few studies documenting the longer-term effects of invasive earthworms 
in temperate deciduous forests (Alban and Berry 1994). This may be because long-term studies are 
expensive or time consuming, because there is a lack of previously established permanent plots, or 
because practical field methods for sampling earthworms have been developed relatively recently. 
In order to investigate the long-term effects of invasive earthworms on forested ecosystems, soil 
and vegetation plots sampled in the past need to be classified as wormed or unwormed when they were 
sampled initially. However, this is often difficult to accomplish because field methods for sampling 
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earthworms have only recently been developed, and the few historical permanent plots that are available 
for resampling largely do not have past information about earthworm absence or presence. However, 
many of these historical plots do have information about soil horizon thickness, and invasive earthworms 
have been shown to affect soil horizon thickness in hardwood forests (Gundale 2002; Hale et al. 2005b; 
Lyttle et al 2014). Thus, soil horizons can potentially be used as an indicator of the presence or absence 
of invasive earthworms. 
The Chippewa National Forest in Northern Minnesota provides a valuable research opportunity 
for the study of the long-term effects of invasive earthworms because the forest contains permanent 
vegetation plots that were initially established and inventoried between 1989 and 1996. These permanent 
plots have site-specific information about soil texture, color, and horizon presence and thickness. In the 
course of this early inventory, detrimental effects of earthworms on understory vegetation were observed, 
and this led to research analyzing the immediate effects of earthworms on plants dependent on a thick 
duff layer (Gundale 2002), changes in vegetation along earthworm invasion fronts (Hale 2005a), and 
population declines for ground-nesting birds (Loss et al. 2012). Because hardwood stands in the 
Chippewa National Forest exhibit various stages of earthworm invasion and have permanent vegetation 




During the summer of 2017, I re-visited 41 permanent plots that were established in the 
Chippewa National Forest between 1989 and 1996. I re-inventoried soils following historic sampling 
procedures, and I also sampled and identified earthworms. Using data that I collected from May through 
August 2017 on the thickness of the A and O soil horizons, my goal was to develop a model to predict the 
presence or absence of earthworms using the thickness of certain soil horizons as a predictor variable. I 
applied this model to data that was collected during the initial sampling period in order to classify these 
historic soils as wormed or unwormed. 
By classifying past and present permanent plots in the Chippewa National Forest into wormed 
and unwormed categories, the effects of invasive earthworms over two decades can be studied. Three 
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worm conditions can be applied to hardwood forests in the Chippewa National Forest: 1) those with little 
or no earthworm activity, 2) those with earthworm invasions occurring between the 1989 to 1996 
sampling period, and 3) those where invasive earthworms have been established for over two decades.  
 
Study site 
The study was conducted in the Chippewa National Forest in Northern Minnesota (Figure 2.1). 
Sampling took place within all three counties encompassing the forest: Cass, Beltrami, and Itasca. The 
Chippewa National Forest is located in the North Minnesota Drift and Lake Plains ecological sections 
(Avers et al. 1994). Within the forest, plots occurred in the St. Louis Moraines and the Chippewa Plains 
subsections. The Chippewa National Forest has a humid continental climate, with warm summers and 
cold winters. The normal mean monthly minimum temperature in the nearby town of Cass Lake is -5.5° F 
in January and the normal mean monthly maximum temperature is 67.7° F in July (Arguez et al. 2010). 
Mean monthly precipitation in Cass Lake is 2.2 inches (Arguez et al. 2010). The sampling sites in this 
study were limited to well-drained mesic hardwood forests. These forest types are classified as MHn35- 
Northern Mesic Hardwood Forest (n=40) or MHn47- Northern Rich Mesic Hardwood Forest (n=1) by the 
Minnesota Department of Natural Resources (Aaseng et al. 2011). Soils in this area are primarily loamy 
haplic glossudalfs (Richardson 1997). In 2017, stand age ranged from 50 to 137 years old, with an 
average stand age of 90 years.  
 
Relevé establishment (1989-1996) 
Permanent vegetation plots (relevés) were first established and sampled from early June to early 
September from 1989 to 1996 as part of a national effort within the U.S. Forest Service to map terrestrial 
ecosystems at several different scales (Cleland et al. 1997). On the Chippewa National Forest, this was 
completed in cooperation with the Minnesota County Biological Survey within the Minnesota Department 
of Natural Resources, where relevé data are archived statewide (Aaseng et al. 2011). In this study, a 
‘relevé’ refers to a sampling unit and procedure modified from that first introduced by Braun-Blanquet in 
the early 1900’s (Braun-Blanquet 1932) as described below.  
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During the initial 1989 to 1996 sampling period, the major glacial landforms (which determine 
coarse-scale vegetation patterns) of the Chippewa National Forest were used to stratify finer scale 
sampling of vegetation and soils. Within each landform, stands of mature forest with no recent 
disturbance history formed the pool of candidate sampling areas. Within sample stands, relevés 
established from 1989 to 1996 in the Chippewa National Forest were located five chains (approx. 100 
meters) apart along a transect normal to obvious vegetation, soils, and topographic boundaries. 
Restricting datasets to representative samples of homogeneous vegetation is frequently used for plant 
community classification and vegetation characterization studies (Minnesota Department of Natural 
Resources 2003).  
 
Relevé selection (2017) 
A subset of the relevés established in the Chippewa National Forest between 1989 and 1996 
were re-inventoried between mid-May and mid-August 2017. Relevés for 2017 resampling were selected 
using three main criteria: 1) forest type, with the relevé originally classified as either Northern Mesic 
Hardwood Forest or Northern Rich Mesic Hardwood Forest; 2) surveyor, with priority given to relevés 
sampled by recognized botanists and soil scientists; and 3) likelihood of remaining unwormed (unwormed 
sites in the Chippewa National Forest have become increasingly rare and therefore these sites were 
given first priority for 2017 resampling). Because relevés were sampled with these criteria in mind, it 
would not be appropriate to generalize the percent of relevés that were wormed or unwormed as an 
indicator of the overall rate of earthworm invasion or spread in the Chippewa National Forest. No timber 
harvesting occurred on any re-surveyed forest stands between the two sampling periods.  
 
Relevé soil sampling protocols (1989-1996 and 2017) 
The modified relevé method as applied on the Chippewa National Forest involved establishing a 
100 square meter plot for subsequent vegetation sampling. Relevés were re-established by relocating 
magnets placed at the center of the relevé during the 1989 to 1996 sampling period. To aid in 
classification and analysis of relevés, some substrate, soil, and hydrologic features were also noted 
(Minnesota Department of Natural Resources 2013). 
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Relevés resampled during 2017 were a minimum of 10 chains (approx. 200 meters) apart. 
Methods for sampling soil horizons during the initial sampling period were replicated during the 2017 
sampling season. A soil sample was taken a few meters outside of the permanent relevé in a random 
direction to avoid damaging vegetation inside the relevé. Soils were sampled to a depth of 30 
centimeters. Thickness of the A horizon and O horizons were recorded during both sampling periods, as 
was the texture and color of the A horizon.  
 
Species area plot placement (2017) 
In addition to re-inventorying permanent 10 x 10-meter relevés, 32 x 32-meter nested species 
area plots were established at permanent relevé locations during the summer of 2017 (n=41, Figure 2.2). 
Species area plots were established as part of a statewide effort by the Minnesota Department of Natural 
Resources to understand species richness at multiple scales. Species area plot placement is described in 
order to define locations of earthworm sampling plots. Earthworm sampling took place within three 
subplots of each species area plot to maximize the extent of earthworm sampling locations. The direction 
that these species area plots were expanded from the permanent 10 x 10-meter relevé was generally 
random, although I attempted to select a direction where the community type was somewhat uniform - for 
example, I chose not to have a species area plot cross a road or a wet depression.  
 
Earthworm sampling (2017) 
Earthworms were sampled at three locations in each species area plot during the summer of 
2017. Earthworms were not sampled during the 1989 to 1996 sampling period. The first earthworm 
sample was taken near the center of the 10 x 10-meter relevé in the 64 square meter subplot (Figure 2.2). 
The second and third earthworm samples were taken near the middle of the 512 square meter and 1024 
square meter subplots. Earthworms were sampled in a 35 x 35-centimeter square using the liquid 
mustard extraction method described in Hale (2013). Earthworms were anesthetized in isopropyl alcohol 
and identified to species (or genus, when immature) and life stage within 10 hours of collection. Biomass 
of earthworms was not calculated because earthworm biomass changes throughout the summer 
sampling season. For data analysis purposes, a relevé was considered ‘wormed’ if it was more wormed 
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than unwormed: if 2/3 or 3/3 of earthworm samples in a site contained worms. A relevé was considered 
‘unwormed’ if 0/3 or 1/3 earthworm samples in a site contained worms. Relevés with 1/3 samples 
containing worms likely represented a leading edge of earthworm invasion. Leading edges of earthworm 
invasion were classified as unwormed because earthworms had not yet become established, and 
therefore plant communities were likely not yet strongly affected.  
 
Statistical analyses 
Logistic regression was used to develop a model to classify relevés sampled during the summer 
of 2017 (n=41) as wormed or unwormed. This worm classification model was applied to the historic data 
to predict whether relevés were wormed or unwormed during the 1989 to 1996 sampling period. Six 
potential predictor variables were tested for correlation with other environmental variables: month of 
survey, age of forest stand, slope of relevé, elevation of relevé, A horizon thickness, and O horizon 
thickness (Table 2.1).  
Collinearity among environmental variables is a common problem in ecology because variables 
are often related to one another. Collinearity of greater than 0.7 has been shown to severely distort model 
estimation and prediction and should therefore be avoided (Dormann et al. 2013). If a pair of 
environmental predictor variables had >0.7 correlation, the highly correlated environmental predictor that 
was less significant was excluded from the model.   
After determining the optimal predictor variable, a generalized linear model (GLM) was used to 
predict invasive earthworm presence. Generalized linear models (GLMs) are extensions of linear models 
(Faraway 2016). These models contain a link variable that converts the linear prediction to a nonlinear 
form and provides alternative distributions for the response variable. A logistic GLM was chosen for this 
model because the response variable was binary (wormed/unwormed).  
GLM model testing and analyses were conducted using the base GLM function in R v. 3.0.1 (R 
Development Core Team 2011) and contributed package “ROCR” (Sing et al. 2007). The GLM model 
was fitted with weighted observations in order to make the effective sample sizes of wormed and 
unwormed occurrences equal. The model fit was evaluated using a Chi
2
 test of significance. The model 
was tuned using a receiver operating characteristic (ROC) curve. A ROC curve is used to assess the 
diagnostic ability of a binary classifier as its discrimination threshold is adjusted to identify a cutoff value 
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that would optimize true positive and true negative classification rates. The overall explanatory power of 
the model in predicting whether a site was wormed or unwormed was tested using the R
2
 value. The final 
model success rate was evaluated using a confusion matrix of observed and predicted earthworm 
occurrences. Confusion matrices are used to assess observed and predicted classification success rates 
using a specified classification system. The final GLM logistic regression model created using summer 
2017 environmental predictors was applied to data collected during the 1989 to 1996 sampling period to 
classify historic relevés as wormed or unwormed. 
 The data were assessed for spatial autocorrelation using the Global Moran I test for regression 
residuals with R contributed packages “sp”, “spdep”, and “ncf” (Bivand et al. 2013a; b; Bjornstadt 2006). 
Positive spatial autocorrelation can occur when data that are spatially close to one another are more 
similar than data located farther away (spatially clustered), or negative spatial autocorrelation can occur 
when data that are spatially close to one another are less similar than data located farther away (spatially 
dispersed). Testing for spatial autocorrelation is important because independence of observation is an 
assumption for many statistical procedures. The Moran I test (Moran 1950) is the most commonly used 
statistical test for spatial autocorrelation and is appropriate for the testing of regression residuals for 
spatial autocorrelation. 
Lastly, I tested whether it was possible to predict whether certain earthworm ecological groups 
were present using environmental predictor variables, following the statistical analyses procedures 
described above. Different earthworm ecological groups can have different effects on soils (see Chapter 
1). Relevés containing earthworms of a particular earthworm ecological group were classified in this 
ecological group; relevés could (and frequently did) have multiple earthworm ecological groups present. 
Because relevés frequently contained more than one earthworm ecological group, correlations between 
environmental variables and earthworm ecological group classifications should be interpreted with caution 
– it may be that we are witnessing the effects of the target earthworm group; however, the presence of 
other earthworm groups may be simultaneously affecting a site. 
A description of earthworms classified into each ecological group is provided in Table 2.2. 
Because epigeic earthworms do not form burrows and occur primarily in the leaf litter layer, epigeic 
earthworms may not strongly affect the O or A horizons. Therefore, the ‘non-epigeic’ category was 
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created to analyze whether excluding epigeic (non-burrowing) earthworms would result in more precise 
earthworm presence predictions. The ‘sum of earthworm ecological groups’ classification was used to 
examine whether the effects of earthworms on soils were additive: did relevés that contained greater 
numbers of earthworm ecological groups have greater changes in the A and O horizons? Were the 
effects of multiple earthworm ecological groups on soils greater than the sum of their individual effects? 
The five earthworm ecological groups included in this category were epigeic, epi-endogeic, endogeic, 
anecic, and epi-endogeic/anecic (juvenile Lumbricus spp) earthworms.  
 
Results 
Logistic regression model 
During the 2017 sampling period, 41 relevés were sampled. Of these 41 relevés, worms were 
present in 35 relevés and absent in 6 relevés. Two environmental variables were significantly correlated 
with earthworm presence: thickness of the O horizon (Figure 2.3, r=-.63, p=<.001) and thickness of the A 
horizon (Figure 2.3, r=.48, p<.01). Thickness of the O horizon and thickness of the A horizon were highly 
significantly negatively correlated (r= -.80, p<.01). Because A horizon thickness was correlated and less 
significant than O horizon thickness, I chose to drop the A horizon thickness as an explanatory variable. 
This left only one explanatory variable that was significantly correlated with invasive earthworm presence: 
thickness of the O horizon (Table 2.3, r=-.63, p=<.001). Because only one explanatory variable was used 
to fit the GLM, a stepdown logistic procedure with a comparison of AIC values was not used. The GLM 
equation was weighted due to the unequal number of wormed and unwormed relevés. Both the intercept 
and the predictor variable (O horizon thickness) were highly significant in the GLM model (p<0.01). The 






 for the full model was 0.58, indicating 
that 58 percent of the variation in my data could be explained by the GLM model.  
The model was tuned with a ROC curve (Figure 2.4). The area under the ROC curve was 0.93. A 
cutoff value of 0.33 that maximized the sum of the true positive and true negative predictions was 
selected. The intersection of the sensitivity (true positive prediction) and specificity (true negative 
prediction) curves are shown in Figure 2.5. After selecting an optimal cutoff value of 0.33, the final 
confusion matrix resulted in an overall model success rate of 93 percent (Table 2.4, Figure 2.6).  
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The model was subsequently tested for spatial autocorrelation using the Global Moran I test for 
regression residuals (Figure 2.7a, b). The Moran I test for response residuals and deviance residuals 
were not significant (respectively: Moran I=.315, p=0.056; Moran I=.249, p=0.074), however, the low p-
values indicate a relatively low probability of obtaining these results due to chance. Although I cannot fully 
reject the null hypothesis that the spatial distribution of earthworm presence/absence was random, the 
positive Moran’s I value indicates that my data may be more spatially clustered than would be expected if 
the underlying spatial processes were random. 
The final GLM logistic regression model created using the 2017 O horizon data was applied to O 
horizon data collected during the 1989 to 1996 sampling period to classify historic relevés as wormed or 
unwormed. Historic relevés were classified as wormed using the previously determined cutoff value which 
maximized the true positive and true negative rate: if a historic relevé had greater than a 33 percent 
chance of being wormed it was classified as wormed, otherwise the relevé was classified as unwormed. 
The model predicted that 12 relevés were wormed and 29 relevés were unwormed during the 
1989 to 1996 sampling period (Table 2.5). Twenty-three relevés changed from unwormed to wormed 
between the initial sampling period and 2017. Only six relevés remained unwormed in 2017, while 35 
relevés were wormed in 2017. No relevés classified as wormed during the 1989 to 1996 sampling period 
became unwormed. 
 
Earthworm ecological groups 
Epigeic earthworms: 
In 2017, 35 out of 41 relevés contained epigeic earthworms (Dendrobaena octaedra). If a relevé 
contained worms, epigeic worms were always present. Therefore, the epigeic earthworm grouping 
category was identical to the overall earthworm grouping category. When epigeic (non-burrowing) 
earthworms were present, there were frequently other (burrowing) earthworm ecological groups present – 
thus, it is hard to determine whether soil and other site variables were characteristic of epigeic 






In 2017, 14 out of 41 relevés contained epi-endogeic earthworms (adult Lumbricus rubellus). 
Thickness of the O horizon was the only environmental variable that was a significant predictor of epi-
endogeic earthworm presence. A GLM model using only the O horizon as a predictor variable was highly 




=.19). The model correctly predicted the presence and absence 
of epi-endogeic earthworms in 30/41 relevés – a 73 percent model success rate.  
 
Endogeic earthworms: 
In 2017, 23 out of 41 relevés contained endogeic earthworms (Octolasion and Aporrectodea 
species). Both the thickness of the O horizon and thickness of the A horizon were significant predictors of 
endogeic earthworm presence. Thickness of the A horizon was dropped from the GLM model because it 
was highly negatively correlated with O horizon thickness. A GLM model using the O horizon as a 




=.42). The model correctly 
predicted the presence and absence of endogeic earthworms in 35/41 relevés – an 85 percent model 
success rate.  
 
Anecic earthworms:  
In 2017, 8 out of 41 relevés contained anecic earthworms (adult Lumbricus terrestris). No 
environmental variables were significant predictors of anecic earthworm presence. A GLM model using 




=.21). The model 
correctly predicted the presence and absence of epi-endogeic earthworms in 31/41 relevés – a 76 
percent model success rate.  
 
Epi-endogeic/anecic earthworms: 
In 2017, 20 out of 41 relevés contained epi-endogeic/anecic (juvenile Lumbricus) earthworms. No 
environmental variables were significant predictors of epi-endogeic/anecic earthworm presence. A GLM 







=.11). The model correctly predicted the presence and absence of epi-endogeic/anecic earthworms in 
30/41 relevés – a 73 percent model success rate.  
 
Non-epigeic earthworms: 
In 2017, 29 out of 41 relevés contained non-epigeic (burrowing) earthworms. The thickness of the 
A horizon and the O horizon were highly significant predictors of non-epigeic earthworm presence. 
Thickness of the A horizon was dropped from the GLM model because it was highly negatively correlated 
with O horizon thickness. A GLM model using only the O horizon as a predictor variable was highly 




=.36). The model correctly predicted the presence and absence 
of non-epigeic earthworms in 31/41 relevés – a 76 percent model success rate.  
 
Sum of earthworm ecological groups: 
The five earthworm ecological groups included in the earthworm ecological group sum analyses 
were epigeic, epi-endogeic, endogeic, anecic, and epi-endogeic/anecic (juvenile Lumbricus) earthworms. 
In 2017, six relevés had no earthworm ecological groups present, six relevés had only one earthworm 
ecological group present (epigeic Dendrobaena octaedra earthworms), 11 relevés had two earthworm 
ecological groups present, seven relevés had three earthworm ecological groups present, four relevés 
had four earthworm ecological groups present, and seven relevés had five earthworm ecological groups 
present. As the number of earthworm ecological groups increased, the O horizon thickness appeared to 
decrease (Figure 2.14).  
 
Discussion 
The overall logistic regression model of earthworm presence/absence had the highest success 
rate, greatest r
2
 value, and lowest p-value when compared to earthworm ecological group models. 
Logistic regression models of specific earthworm ecological groups were all significant, however all had a 
lower explanatory power, lower success rate, and were less significant than the overall model. 
Interestingly, the non-epigeic earthworm classification was less significant than the overall 
wormed/unwormed model – because epigeic earthworms do not form burrows, I expected epigeic worms 
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to have a minimal effect on soil horizon thickness. Dendrobaena octaedra was the most common epigeic 
earthworm present in my study sites. Somewhat in contrast to the results of this study, Gundale (2002) 
found that Dendrobaena octaedra did not have any significant effect on any recorded soil horizon. The 
results of my analysis suggest that the most accurate classification scheme for my data would be 
categorization of a site as wormed or unwormed, because this grouping had a higher success rate than 
classification by burrowing earthworm presence or by any other ecological group classification tested. 
Future controlled experiments testing the effects of individual earthworm ecological groups and different 
combinations of earthworm ecological groups would be helpful to disentangle individual and net 
earthworm ecological group effects. 
When a site was wormed, epigeic worms were always present. This result supports the 
hypothesis that epigeic worms are the first worms to invade a site. Holdsworth et al. (2007) attributed this 
earthworm immigration pattern to differences in species traits among earthworm species, including 
differences in reproductive strategy, fecundity, cold tolerance, niche type, and colonization rates. Relevés 
with a greater number of earthworm ecological groups present may indicate sites that have been wormed 
for a longer period of time. This conclusion could be substantiated by continuing to monitor earthworm 
ecological group richness at permanent relevés over multiple years. 
Although earthworms are clearly capable of transforming soils, this effect is not instantaneous. 
Therefore, a GLM model using soil horizons as a predictor variable would be more useful in predicting 
earthworm presence once earthworms have become well established. This may be why the model 
misclassified some sites as unwormed when they were actually wormed (false negatives): these sites 
may have experienced earthworm invasion very recently, and thus the O horizon thickness may have 
only recently begun to decrease. 
The majority of permanent relevés in this study that were unwormed during the 1989 to 1996 
sampling period became wormed prior to the 2017 sampling period (79%). Because study sites were not 
randomly selected, it would not be appropriate to generalize the percent of study sites which were 
wormed or unwormed as an indicator of the overall rate of earthworm invasion or spread in the Chippewa 
National Forest. However, it is clear that earthworms are in the process of invading many hardwood 
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forests of the Great Lakes region, and that different forest stands are currently experiencing different 
stages of invasion. 
Both the O horizon and the A horizon were highly significant predictors of earthworm 
presence/absence. Earthworms had a greater effect on the O horizon than they did on the A horizon. This 
result was consistent with Gundale (2002), who found that Lumbricus rubellus, an epi-endogeic 
earthworm, was associated with a significantly decreased the O horizon and a significantly increased A 
horizon thickness. Gundale found that Dendrobaena octaedra, an epigeic earthworm, was not associated 
with a significantly different A or O horizon thickness. Gundale’s experimental design for epigeic 
earthworms was different from my own design, however, in that he was able to isolate the effects of 
epigeic earthworms from the effects of other earthworm ecological groups. Although both the A and the O 
horizon thickness were highly significant predictors of invasive earthworm presence, my results indicated 
that these two variables were highly negatively correlated with one another. Therefore, I chose to only 
include one of these two variables in my GLM model. Because of the high correlation between the A and 
O horizon, models predicting earthworm presence which use both the O and the A horizon may have 
erroneously inflated predictive capabilities. 
Although my data were not significantly spatially autocorrelated at the p=0.05 level, they were 
significant at the p=0.1 level (Moran I response residuals=.315, p=0.056; Moran I deviance 
residuals=.249, p=0.074). There are three main causes of spatial autocorrelation of ecological data: 1) 
biological processes, such as dispersal, which are distance related, 2) non-linear relationships being 
incorrectly modelled linearly, and 3) the presence of variables not included in the model which have a 
spatial component (Dormann et al. 2013). In this instance, I believe that an unmeasured spatially 
structured variable, such as distance to the nearest lake or road, likely led to the observed low p-value. 
The precision of future earthworm presence models could potentially be increased by accounting for 
spatial autocorrelation in the model or by measuring additional variables, such as distance to the nearest 
lake or road. 
The results of this study show that it is possible to create a model of earthworm 
presence/absence using soil horizon thickness as an indicator with a high degree of accuracy. The 
creation of earthworm presence/absence models can have multiple applications, such as estimating the 
38 
 
time of invasive earthworm establishment in an area or analyzing change over time in forests. As this 
study was limited to the Chippewa National Forest in Minnesota and included only sugar maple-
basswood forests, results in other geographic areas or forest types may vary. When creating earthworm 
presence/absence models using soil profile data from multiple areas or time series, it is important that 
data collectors are consistent in their soil thickness measurements. 
It is important to note that other environmental factors besides earthworms may affect A and O 
soil horizon thickness. For example, sites that have experienced fire more recently may have a thinner O 
horizon than sites where fire has not recently occurred (Phillips et al. 2000). Sites that are situated on a 
steep slope may have a thinner O horizon due to greater deposition of leaf litter at the base of a slope. 
Different areas may have different richness of native fungi and bacteria which control rates of organic 
matter decomposition in the absence of earthworms. Tree species composition will affect leaf litter 
composition, and different species of leaves may decompose more quickly or slowly, resulting in thicker 
or thinner organic horizons. Sites that have recently been harvested may experience compaction of soil 
horizons. Different moisture gradients could affect the O horizon. Despite all of these confounding factors, 
it is testament to the remarkable ecological engineering capabilities of earthworms that a model using 
only the thickness of the O horizon could correctly classify 93% of relevés as wormed or unwormed. 
Earthworms have been identified as the driving force behind plant invasion and community 
change in northeastern North American forests (Nuzzo et al. 2009). Thus, it is important for ecologists to 
obtain data on the before and after effects of invasive earthworms. Given the declining frequency of 
unwormed forest sites, it is increasingly important that unwormed sites be identified and surveyed. It is 
important to continue to collect baseline data so that we understand the magnitude of changes that are 
occurring due to earthworm invasion in hardwood forests of the Great Lakes region. Using the thickness 
of the O horizon, the results of this study suggest that we can predict which sites were wormed in the 
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Figure 2. 1. Map of relevé resampling locations in the Chippewa National Forest. Orange dots represent 




Figure 2. 2. Nested species area plot showing 10 x 10 meter relevé setup (5x5 and 10x10 meters shown 





Figure 2. 3. Boxplots of A and O horizon thickness. Data collected in 2017 in the Chippewa National 




Figure 2. 4. ROC curve for invasive earthworm presence logistic regression model. The black line 




Figure 2. 5. Sensitivity (shown in blue) and specificity (shown in red) curves for a GLM model predicting 




Figure 2. 6. Generalized linear model (logistic regression) of earthworm presence using thickness of the 
O horizon as a predictor variable. Data collected in the Chippewa National Forest in the summer of 2017. 
The blue line represents the GLM model’s probability that a relevé is wormed, given the thickness of the 
O horizon. The gray shadow represents 95% confidence intervals. The black horizontal line represents 





Figure 2. 7. Correlation between spatially lagged 
and unlagged response residuals for GLM 
model predicting the presence of invasive 
earthworms. 
Figure 2. 8. Spatial correlogram for response 
residuals. Open circles indicate non-significant 
spatial correlation, closed circles indicate 
distances with significant spatial correlation at 
the 0.05 level. 
 
 
Figure 2. 9. Generalized linear model (logistic regression) of epi-endogeic earthworm presence using 
thickness of the O horizon as a predictor variable based on data collected in the Chippewa National 
Forest in the summer of 2017. The blue line represents the GLM model’s probability that a relevé is 




Figure 2. 10.Generalized linear model (logistic regression) of endogeic earthworm presence using 
thickness of the O horizon as a predictor variable. Data collected in the Chippewa National Forest in the 
summer of 2017. The blue line represents the GLM model’s probability that a relevé is wormed, given the 




Figure 2. 11. Generalized linear model (logistic regression) of anecic earthworm presence using thickness 
of the O horizon as a predictor variable. Data collected in the Chippewa National Forest in the summer of 
2017. The blue line represents the GLM model’s probability that a relevé is wormed, given the thickness 




Figure 2. 12. Generalized linear model (logistic regression) of epi-endogeic earthworm presence using 
thickness of the O horizon as a predictor variable. Data collected in the Chippewa National Forest in the 
summer of 2017. The blue line represents the GLM model’s probability that a relevé is wormed, given the 
thickness of the O horizon. The gray shadow represents 95% confidence intervals. 
 
 
Figure 2. 13. Generalized linear model (logistic regression) of non-epigeic earthworm presence using 
thickness of the O horizon as a predictor variable. Data collected in the Chippewa National Forest in the 
summer of 2017. The blue line represents the GLM model’s probability that a relevé is wormed, given the 




Figure 2. 14. Relationship between the number of earthworm ecological groups present and the O 
horizon thickness. Data was collected in the Chippewa National Forest in the summer of 2017. Each 
black plus represents a single relevé. A linear regression line is shown in blue and the 95% confidence 




Table 2. 1.Environmental and response variables measured in conjunction with earthworm and soil 




Relevé Relevé number (study site) assigned to plot during 
1989-1996 sampling period 
1197-4942 units 
elev_ft Elevation of the relevé 1315-1520 ft 
PERSLOPE Percent slope of the relevé 0-28 degrees 
STAND_AGE Age of forest stand in 2017 50-132 years 
new_A Thickness of A horizon in 2017 0-15 cm 
new_O Thickness of O horizon in 2017 0-5 cm 





worms_pres Earthworm presence. A plot was considered 
wormed if 2/3 or 3/3 samples contained worms. A 
plot was considered unwormed if 0/3 or 1/3 




Epigeic earthworm presence. Considered wormed if 




Epi-endogeic earthworm presence. Considered 





Endogeic earthworm presence. Considered 




Anecic earthworm presence. Considered wormed if 





Epi-endogeic/anecic earthworm presence. This 
category included juvenile, immature Lumbricus 
species which may have been either Epi-endogeic 
(Lumbricus rubellus) or Anecic (Lumbricus 
terrestris). Considered wormed if any samples 




The presence of burrowing earthworms; i.e., the 
presence of any earthworm ecological groups in 
addition to epigeic worms. Considered wormed if 
any samples contained burrowing worms. 
Presence/absence (1/0) 
ecogroup_sum Number of earthworm ecological groups present. 
Juvenile Lumbricus spp. (epiendogeic/anecic 
worms) were included as a separate ecological 












Table 2. 2. Classification of earthworm species for purposes of data analysis. 
Ecological group Species 
All All 
Anecic Lumbricus terrestris 
Epi-endogeic Lumbricus rubellus 
Epi-endogeic/anecic Lumbricus juveniles 
Endogeic Apporectodea spp., Octolasion spp. 
Epigeic Dendrobaena octaedra, Eiseniella tetraedra, Dendrodrilus rubidus 
Non-epigeic Lumbricus terrestris, Lumbricus rubellus, Lumbricus juveniles, 
Apporectodea spp., Octolasion spp. 




Table 2. 3. GLM logistic regression output in R. GLM was fitted using one predictor variable: thickness of 
the O horizon. Relevé without earthworms present were classified as ‘0’ and relevés with earthworms 
present were classified as ‘1’. 
Call:  glm(formula = as.factor(worms) ~ ., family = binomial, data = wormpres.data, weights = 
wormpres.wts)  
 
Coefficients: Estimate Std. Error z value Pr(>|z|)     




-1.5580      0.3332   -4.675  2.93e-06 
*** 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1 
    Null deviance: 97.041 on 40 degrees of freedom 
Residual 
deviance: 
41.934 on 39 degrees of freedom 
AIC:  46.477 
Number of Fisher Scoring iterations: 5 
 
 
Table 2. 4. Final confusion matrix of GLM model predicting invasive earthworm presence (n=41). Total 
model success rate = 38/41: 93%. 




Present 5 (12%) 2 (5%) 













Table 2. 5. Summary of predicted earthworm presence in 1989-1996 sampling period and observed 
earthworm presence in 2017 sampling period. 
1989-1996 relevés (predicted worms): 
Unwormed:  29 
Wormed:  12 
2017 relevés (observed worms): 
Unwormed:  6 
Wormed:  35 
Change over time: 
unwormed then, unwormed now: 6 
unwormed then, wormed now:  23 
wormed then, wormed now:  12 







CHAPTER 3: EFFECTS OF INVASIVE EARTHWORMS ON UNDERSTORY PLANT COMMUNITY 
COMPOSITION OVER TWO DECADES IN THE CHIPPEWA NATIONAL FOREST 
 
Introduction 
Terrestrial earthworms have been absent from the glaciated portions of the Great Lakes region in 
North America for thousands of years. Over the past century, earthworms native to Europe were 
frequently introduced to forests of the Great Lakes region in agricultural plantings and as bait for the 
fishing industry (Keller et al. 2007). These non-native earthworms have been associated with a cascade 
of changes in forested ecosystems (Frelich et al. 2006). Studies have shown that plants native to 
hardwood forests of the Upper Midwest, particularly those dependent on an intact organic surface layer, 
have been adversely affected by earthworms (Hale et al. 2006; Holdsworth et al. 2007; Nuzzo et al. 
2009). As earthworm biomass increases, the total cover of native plant species tends to decrease 
(Craven et al. 2017). 
Worms have been described as ‘ecosystem engineers’ due to their extensive effects on soil 
structure, nutrient cycling, and associated plant life (Jones et al. 1994; Holdsworth 2007). Worms function 
as detritivores, consuming leaf litter and humus and incorporating this organic material into the mineral 
soil. Earthworm presence has been shown to alter species diversity in both below and aboveground biota 
(Paudel et al. 2016). Although there has been a growing body of scientific research documenting the 
effects of invasive earthworms on forests, research until this point has largely focused on the short-term 
effects of invasive earthworms on forest ecosystems (Sackett et al. 2013; Cassin and Kotanen 2016), or 
on changes associated with the initial effects from leading edges of earthworm invasion (Hale 2005a; 
Eisenhauer et al. 2011). Previously, Hale et al. (2006) documented changes in understory plant 
composition across a leading edge of earthworm invasion in the Chippewa National Forest in Northern 
Minnesota over four years. The study found that, as the biomass of the invasive earthworm Lumbricus 
rubellus increased, the herbaceous plant community became dominated by a few species including Carex 
pensylvanica and Arisaema triphyllum, while the abundance of other herbaceous plant species became 
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sparse to absent. Whether the short-term effects of invasion continue over decades or rather the forests 
recover to some degree is largely unknown. To the best of my knowledge, there has been only one study 
of the effects of invasive earthworms over greater than a 10-year period (Alban and Berry 1994).  
The Chippewa National Forest represents a valuable research opportunity for the study of long-
term effects of invasive earthworms on forest systems because the forest contains permanent vegetation 
plots that were initially established and inventoried from 1989 to 1996. These permanent plots have 
information specific to both soils and vegetation. The Chippewa National Forest has been used in the 
past to study the effects of invasive earthworms (Gundale 2002; Hale 2005a; Loss et al. 2012) and the 
forest remains an important area for the study of invasive earthworms due to the various stages of 
earthworm invasions that are currently ongoing within the forest. 
Invasive earthworms have been shown to affect soil horizon thickness in hardwood forests 
(Chapter 2; Gundale 2002; Hale et al. 2005b; Lyttle et al. 2014). In particular, invasive earthworms can 
consume the O horizon and re-deposit organics in the upper mineral soil to form a thick A horizon. During 
the summer of 2017, I re-inventoried soils and vegetation following historic sampling procedures, and I 
also sampled and identified earthworms. Using soil data that was collected from May to August 2017 at 
these sites, I developed a model to predict the presence or absence of invasive earthworms using the 
thickness of the O horizon as a predictor variable (Chapter 2). I applied this model to data collected 
during the initial sampling period from 1989 to 1996 to classify historic permanent plots as wormed or 
unwormed (i.e., the presence or relative absence of earthworms, respectively). By comparing understory 
vegetation of these three communities, I can assess the long-term effects of invasive earthworms on 
understory vegetation in mesic hardwood forests with loamy soils in the Chippewa National Forest.  
 
Methods 
During the summer of 2017, I re-visited 40 permanent vegetation plots (relevés) that were 
established in the Chippewa National Forest from 1989 to 1996 (one relevé included in Chapter 2 was 
excluded from vegetation analysis because plants were originally sampled at a different scale than other 
sampled sites). I re-inventoried plants and soils following historic sampling procedures, and I also 
sampled and identified earthworms. I developed a classification system that predicted the presence or 
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absence of invasive earthworms using the thickness of the O horizon as a predictor variable (Chapter 2). I 
applied this model to soils data that were collected at each relevé during the initial sampling period from 
1989 to 1996 to classify historic soils as wormed or unwormed. 
By classifying permanent relevés in the Chippewa National Forest into wormed and unwormed 
categories, the effects of invasive earthworms over three decades could be studied. Plant composition of 
relevés classified into three worm groupings in the Chippewa National Forest were analyzed: 1) those 
with little or no earthworm activity, 2) those with earthworm invasions occurring between the 1989 to 1996 
sampling period and the 2017 sampling period, and 3) those where invasive earthworms have been 
established for over two decades. For the remainder of this chapter, these three categories will be 
referred to as ‘unwormed’, ‘short-term wormed’, and ‘longer-term wormed’, respectively.  
 
Study site location and climate 
The study was conducted in the Chippewa National Forest in Northern Minnesota (Figure 3.1). 
Sampling took place within all three counties encompassing the forest: Cass, Beltrami, and Itasca. The 
Chippewa National Forest is located in the Northern Minnesota Drift and Lake Plains ecological sections 
(McNab et al. 2007). Within the forest, relevés occurred in the St. Louis Moraines and the Chippewa 
Plains subsections. The Chippewa National Forest has a humid continental climate, with warm summers 
and cold winters. The normal mean minimum temperature from 1981 to 2010 in the nearby town of Cass 
Lake is -5.5° F in January and the normal mean maximum temperature is 67.7° F in July (Arguez et al. 
2010). Mean monthly precipitation from 1981 to 2010 in Cass Lake is 2.2 inches (Arguez et al. 2010). The 
sampling sites in this study were limited to well-drained mesic hardwood forests. These forest types are 
classified as MHn35- Northern Mesic Hardwood Forest (n=39) or MHn47- Northern Rich Mesic Hardwood 
Forest (n=1) by the Minnesota Department of Natural Resources (Aaseng et al. 2011). Soils in this area 
are primarily loamy haplic glossudalfs (Richardson 1997). In 2017, stand age ranged from 50 to 137 




Relevé establishment (1989-1996) 
Permanent vegetation plots (relevés) were first established and sampled from early June to early 
September from 1989 to 1996 as part of a national effort within the U.S. Forest Service to map terrestrial 
ecosystems at several different scales (Cleland et al. 1997). On the Chippewa National Forest, this was 
done in cooperation with the Minnesota County Biological Survey within the Minnesota Department of 
Natural Resources, where relevé data are archived statewide (Aaseng et al. 2011). In this study, a 
‘relevé’ refers to a sampling unit and procedure modified from that first introduced by Braun-Blanquet in 
the early 1900s (Braun-Blanquet 1932).  
During the initial 1989 to 1996 sampling period, the major glacial landforms (which determine 
coarse-scale vegetation patterns) of the Chippewa National Forest were used to stratify the sampling of 
vegetation and soils at a finer scale. Within each landform, stands of mature forest with no recent 
disturbance history formed the pool of candidate sampling areas. Within sample stands, relevés 
established from 1989 to 1996 in the Chippewa National Forest were located five chains (approx. 100 
meters) apart along a transect normal to obvious vegetation, soils, and topographic boundaries. 
Restricting datasets to representative samples of homogeneous vegetation is frequently used for plant 
community classification and vegetation characterization studies (Minnesota Department of Natural 
Resources 2003).  
 
Relevé selection (2017) 
A subset of relevés that were established in the Chippewa National Forest from 1989 to 1996 
were re-inventoried from mid-May to mid-August 2017. Relevés for 2017 resampling were selected using 
three main criteria: 1) forest type: the relevé was originally classified as either Northern Mesic Hardwood 
Forest or Northern Rich Mesic Hardwood Forest; 2) surveyor: priority was given to relevés sampled by 
recognized botanists and soil scientists; and 3) likelihood of remaining unwormed: unwormed sites in the 
Chippewa National Forest have become increasingly rare and therefore these sites were given first 
priority for 2017 resampling. Because relevés were not randomly sampled, it would not be appropriate to 
generalize the percent of relevés that were wormed or unwormed as an indicator of the overall rate of 
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earthworm invasion or spread in the Chippewa National Forest. No timber harvesting occurred on any re-
surveyed forest stands between the two sampling periods.  
Relevé vegetation and soil sampling protocols (1989-1996 and 2017) 
Methods for sampling soil horizons and vegetation during the initial sampling period were 
replicated during the 2017 sampling season. The modified relevé method as applied on the Chippewa 
National Forest involved: 1) laying out a 100 square meter plot, 2) describing the vertical stratification of 
plants by their Küchler life-form (Küchler 1967) and 3) for each stratum, recording all vascular plants and 
estimating their abundance using the Braun-Blanquet cover/abundance scale (Table 3.1). Four Küchler 
life forms were recorded in this analysis: broadleaf deciduous, needleleaf evergreen, graminoids, and 
forbs. Relevés were re-established by relocating magnets placed at the center of the relevé during the 
1989-1996 sampling period. To aid in classification and analysis of relevés, some substrate, soil, and 
hydrologic features were also noted (Minnesota Department of Natural Resources 2013). 
Relevés consisted of a 10 x 10-meter square. Relevés resampled during 2017 were a minimum 
of 10 chains (approx. 200 meters) apart. For each Küchler life form and height stratum, height range and 
total cover were recorded. Life form and cover/abundance (see Table 3.1) of all plant species located 
within the relevé were recorded. Vertical stratification of vegetation was recorded in the field as a range of 
heights based on observed canopy layers and categorized by Küchler life form for each relevé. Height 
strata values used in relevé sampling are defined in Table 3.2. A soil sample was taken a few meters 
outside of the permanent relevé in a random direction to avoid damaging vegetation inside the relevé. 
Soils were sampled to a depth of 30 centimeters. Thickness of the A horizon and O horizons were 
recorded during both sampling periods, as was the texture and color of the A horizon.  
 
Species area plot placement (2017) 
In addition to re-inventorying permanent 10 x 10-meter relevés, 32 x 32-meter nested species 
area plots were established at permanent relevé locations during the summer of 2017 (n=40, Figure 3.2). 
Species area plot vegetation data were not analyzed in this thesis, however placement of species area 
plots is described here in order to define earthworm sampling locations. Earthworm sampling took place 
within three subplots of each species area plot to maximize the extent of earthworm sampling locations. 
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The direction that these species area plots were expanded from the permanent 10 x 10-meter relevé was 
generally random, although I attempted to select a direction where the community type was somewhat 
uniform - for example, I chose not to have a species area plot cross a road or a wet depression.  
 
Earthworm sampling (2017) 
Earthworms were sampled at three locations in each species area plot during the summer of 
2017 (Figure 3.2). Earthworms were not sampled during the 1989 to 1996 sampling period. The first 
earthworm sample was taken near the center of the 10 x 10-meter relevé in the 64 square meter subplot 
(Figure 3.2). The second and third earthworm samples were taken near the middle of the 512 square 
meter and 1024 square meter subplots. Earthworms were sampled in a 35 x 35-centimeter square using 
the liquid mustard extraction method described in Hale (2013). Earthworms were anesthetized in 
isopropyl alcohol and identified to species (or genus, when immature) and life stage within 10 hours of 
collection. Biomass of earthworms was not calculated because earthworm biomass changes throughout 
the summer sampling season. For data analysis purposes, a relevé was considered ‘wormed’ if it was 
more wormed than unwormed: if 2/3 or 3/3 of earthworm samples in a site contained worms. A relevé was 
considered ‘unwormed’ if 0/3 or 1/3 earthworm samples in a site contained worms. Relevés with 1/3 
samples containing worms likely represented a leading edge of earthworm invasion. Leading edges of 
earthworm invasion were classified as unwormed because earthworms had not yet become established, 
and it was assumed that plant communities were likely not yet strongly affected.  
 
Pre-analysis 
In subsequent statistical analyses, understory plants included herbaceous and graminoid plant 
species. In addition, woody plants with a minimum height of less than or equal to 2 meters and a 
maximum height of less than or equal to 5 meters were included in understory analyses. For example, a 
typical relevé might have Acer saccharum present in multiple height strata. In this case, Acer saccharum 
individuals would be included in understory analyses if they had a minimum height of less than or equal to 
2 meters and a maximum height of less than or equal to 5 meters. I added overstory cover as an 
environmental variable. Prior to analyses, some plants where identification to species was particularly 
challenging (ex: Amelanchier) were grouped together. A list of all plant species recorded and/or grouped 
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together during the 1989 to 1996 or 2017 sampling period is provided in Appendix A. All statistical 
analysis was conducted in R Studio (R Core Team 2017). 
 
Statistical analyses 
 Analysis of relevé data is divided into two sections. The first section assesses differences among 
unwormed, short-term wormed, and longer-term wormed sites using relevé data collected in 2017. The 
second section assesses changes over time in plant community composition between the 1989 to 1996 
sampling period and the 2017 sampling period. 
 




Before comparing understory plant communities, I examined whether canopy cover differed 
significantly among unwormed, short-term wormed, and longer-term wormed plant communities. Canopy 
cover affects the amount of light and rainfall that reaches the forest floor (Anderson et al. 1969; Collins 
and Pickett 1987). Thus, if one of my wormed categories had significantly greater canopy cover, this 
might have affected understory vegetation. Total cover of woody deciduous overstory vegetation was 
recorded in the field, and this was used as a measure of canopy cover. To determine whether canopy 
cover was significantly different between worm treatments, I compared canopy cover between unwormed, 
short-term wormed, and longer-term wormed sites visually using a box plot. I then used a one-way 
analysis of variance (ANOVA) test to determine whether canopy cover was significantly different among 
worm categories. The ANOVA test is used to determine whether there are any statistically significant 
differences between the means of two or more independent groups.  
 
Diversity indices 
Three biodiversity indices (Shannon-Weiner, inverse Simpson’s index, and species richness) 
were used to assess differences in biodiversity among unwormed, short-term wormed, and longer-term 
wormed understory plant communities. The mean overall Shannon-Weiner diversity in 2017 for 
understory vegetation was calculated using percent cover values, as well as the mean Shannon-Weiner 
60 
 
diversity for relevés classified as unwormed, short-term wormed, and longer-term wormed. Shannon-
Weiner diversity takes into account both species richness and species evenness. A one-way ANOVA with 
pairwise comparisons was conducted to test the significance of mean Shannon-Weiner diversity among 
unwormed, short-term wormed, and longer-term wormed sites. 
Simpson’s index is a measure of heterogeneity that is commonly used in ecology. The inverse 
Simpson’s index (1/D) was reported. The mean Simpson’s diversity for all 40 relevés sampled in 2017 
was calculated, along with mean Simpson’s diversity for each of the three worm status categories. A one-
way ANOVA with pairwise comparisons was conducted to test the significance of mean inverse 
Simpson’s diversity between unwormed, short-term wormed, and longer-term wormed sites. 
Species richness was simply calculated as the number of understory species per relevé. The 
mean number of species per plot in 2017 was calculated, as well as the mean number of species per plot 
in each of the three worm status categories. A one-way ANOVA was conducted to test the significance of 
mean species richness between unwormed, short-term wormed, and longer-term wormed sites. 
 
Difference in percent cover by life form and species  
I sought to answer the following question: how did total cover differ among woody evergreen, 
woody deciduous, herbaceous, and graminoid plant species in unwormed, short-term wormed, and long-
term wormed relevés? How did total cover differ per plant species? To assess differences in abundance 
among the three worm groups, a table of mean percent cover per Küchler life form (broadleaf deciduous, 
needleleaf evergreen, graminoids, and forbs) was constructed, as well as a table of mean percent cover 
per plant species for each of the three worm categories.  
 
Dissimilarity within and between unwormed, short-term wormed, and longer-term wormed sites 
I sought to learn whether plant communities classified as unwormed were more compositionally 
similar to one another than plant communities classified as short-term wormed or longer-term wormed. If 
there appeared to be clear compositional distinctions between unwormed, short-term wormed, and 
longer-term wormed relevés, it would support the concept that there is a signature earthworm plant 
community composition. To answer this question, I compared mean dissimilarity between and within 
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unwormed, short-term wormed, and longer-term wormed relevés. Species with less than three 
occurrences (species with occurrences in less than five percent of the 40 relevés resurveyed in 2017) 
were excluded from this analysis (McGarigal et al. 2000). I decided not to standardize my data (using the 
Wisconsin standardization method, or any other standardization method) to avoid obscuring the relative 
importance of dominant understory species in the analysis, such as Carex pensylvanica and Acer 
saccharum. A distance matrix was built using the ‘vegan’ package in R (Oksanen et al. 2018). A Bray-
Curtis dissimilarity matrix in the ‘vegan’ package was used because this metric is appropriate for species 
data and considers species abundances rather than presence/absence data (Bray and Curtis 1957). In 
this analysis, geometric mean of percent cover was used as a measure of species abundance (Table 
3.1). Bray-Curtis dissimilarity is a statistic used to quantify compositional dissimilarity among sites. Next, 
the ‘meandist’ function in the ‘vegan’ package was used to calculate a matrix of mean within-group and 
between-group dissimilarities among unwormed, short-term wormed, and longer-term wormed relevés 
(Oksanen et al. 2018). 
 
Compositional differences between worm categories 
The significance of compositional differences between unwormed, short-term wormed, and 
longer-term wormed plant communities was tested using the permutational multivariate analysis of 
variance method (perMANOVA) described in McArdle and Anderson (2001) and Anderson (2001). This 
was accomplished using the ‘adonis2’ function of the ‘vegan’ package in R (Oksanen et al. 2018). This 
method has advantage over other non-parametric methods in that it allows for direct additive partitioning 
of variation for complex models (Anderson 2001). The perMANOVA was calculated using a Bray-Curtis 
dissimilarity matrix on the 2017 understory plant data and 100,000 permutations. A post-hoc pairwise 
comparison of the perMANOVA results was conducted with a false discovery rate (FDR) correction and 
100,000 permutations using the ‘pairwiseAdonis’ package in R (Martinez Arbizu 2017). 
 
NMS: visualizing samples in ecological space 
Plant species with occurrences in less than six relevés in 2017 were removed to obtain a stress 
level with three dimensions of less than 0.2. Nonmetric multidimensional scaling (NMS) was used as a 
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data analysis tool to ordinate plant species and relevés and to explore gradients in plant species 
composition in relation to earthworm presence in the Chippewa National Forest. NMS is an ordination tool 
with several unique properties, including being the only ordination technique where sample separation is 
directly linked to sample dissimilarity. NMS does not assume linearity, it does not presume an underlying 
model of species response, and it does not assume an inherent dimensionality of the data. In NMS, the 
user chooses a set number of axes for ordination prior to analysis, and the data are subsequently fitted to 
these dimensions (Kruskal 1964).  
 I created a Bray-Curtis dissimilarity matrix for NMS analysis using the ‘vegan’ package in R 
(Oksanen et al. 2018). The NMS ordination was created using understory quantitative vegetation data 
collected in 2017. A 10-iteration NMS ordination with 1 to 6 dimensions was run. Next, a step-down 
procedure was used to determine an appropriate number of axes for the NMS ordination using the 
‘ecodist’ package (Goslee and Urban 2007). After selecting an appropriate dimensionality for the NMS 
analysis, a 30 iteration NMS ordination was run and the iteration with the lowest stress level was 
selected. An r
2
 value for the final ordination was calculated and the NMS ordination was rotated using 
principal component analysis. By rotating the NMS ordination, points were aligned to the axes and the 
axes were ranked from greatest to least variance (Dean Urban, personal communication). Finally, relevés 
were added as points on the NMS plot and categorized by worm grouping. The ‘cor2m’ function in the 
‘ecodist’ package was used to assess correlations between environmental variables and NMS axes 
(Goslee and Urban 2007). Numeric environmental variables were assessed for correlation with NMS axes 
consisted of Easting, Northing, elevation, overstory cover, stand age, worm status (0/1), A horizon 
thickness, and O horizon thickness.  
 
B. Plant community change from 1989-1996 to 2017 sampling 
Overstory cover 
Canopy cover between sampling periods was compared to assess whether there were significant 
differences in overstory cover between the two sampling periods, as this could have affected understory 
plant community composition. I visually compared canopy cover between 1989 to 1996 and 2017 
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sampling using a box plot. I then used a one-way ANOVA test to determine whether canopy cover was 
significantly different among the two sampling periods. 
 
Changes in understory plant cover by life form and species between 1989-1996 and 2017 
Changes in the total number of species present between the two sampling periods was 
calculated. In addition, changes in occurrences of dominant understory plant species was noted. 
Changes in understory vegetation cover by life form between 1989-1996 and 2017 was assessed by 
constructing a table that compared mean percent cover of forbs, graminoids, woody deciduous, and 
woody evergreen plants by sampling period and worm status. 
 
NMS: visualizing change over time in community composition 
Understory plants that were present in less than six relevés (understory plants with occurrences 
in less than 5 percent of relevés in the 1989 to 1996 or 2017 sampling periods) in either sampling period 
were excluded from the NMS plot. An NMS plot using understory plant community data from the 1989 to 
1996 and 2017 sampling period was created using the NMS procedure described previously.  
 
Results 
Out of the 40 relevés originally established from 1989 to 1996 and resampled in 2017, 6 relevés 
were classified as “unwormed” (unwormed during both sampling periods), 22 relevés were classified as 
“short-term wormed” (unwormed during 1989 to 1996 sampling, wormed in 2017 sampling), and 12 
relevés were classified as “longer-term wormed” (wormed during both sampling periods). Locations of 
relevés resampled are depicted in Figure 3.1. 
 
A. Differences between unwormed, short-term wormed, and longer-term wormed plant communities 
(2017) 
Overstory cover 
Across all relevés sampled in 2017, a higher canopy cover was associated with lower relevé 
understory plant species richness (Figure 3.3). To assess whether canopy cover was significantly 
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different between unwormed, short-term wormed, and longer-term wormed plant communities, I first 
visually compared canopy cover among worm categories (Figure 3.4). Next, I performed a one-way 
ANOVA test, which indicated there was no statistically significant differences in canopy cover among the 
three worm categories [F(2,37)=1.17,p=0.3)]. 
 
Diversity indices 
The mean Shannon-Wiener diversity index, inverse Simpson’s index (1/D), and species richness 
(total number of species) per relevé overall and for unwormed, short-term wormed, and longer-term 
wormed relevés is shown in Table 3.3. Mean Shannon-Wiener diversity was highest at unwormed 
relevés. A one-way ANOVA test indicated statistically significant differences in Shannon-Wiener diversity 
among the three worm categories [F(1,38)=6.87, p=.012)]. A post-hoc pairwise t-test with an FDR (false 
discovery rate) p-value correction revealed a statistically significant difference between Shannon-Wiener 
diversity in the unwormed and longer-term wormed sites (p=.04) and in the short-term wormed and 
longer-term wormed sites (p=.04), but not the short-term wormed and longer-term wormed sites (p=.45). 
Similarly, inverse Simpson’s diversity (1/D) was highest at unwormed relevés (Table 3.3). A one-
way ANOVA test indicated statistically significant differences in inverse Simpson’s diversity among the 
three worm categories [F(1,38)=8.19, p=.007)]. A post-hoc pairwise t-test with an FDR p-value correction 
revealed a statistically significant difference between inverse Simpson’s diversity in the unwormed and 
longer-term wormed sites (p=.02) and in the short-term wormed and longer-term wormed sites (p=.02), 
but not the short-term wormed and longer-term wormed sites (p=.5). 
Understory plant species richness was slightly higher at short-term wormed sites, although 
unwormed and short-term wormed species richness were similar (Table 3.3). A one-way ANOVA test did 
not indicate statistically significant differences in understory plant species richness among the three worm 
categories [F(1,38)=1.87, p=.18)]. Across all measures of diversity (Shannon-Wiener, inverse Simpson, 




Difference in percent cover by life form and species 
Unwormed sites had the lowest percent cover of woody deciduous plants (19%), while short-term 
wormed sites had the highest percent cover of woody deciduous plants (29%) (Table 3.4). Across all 
sites, woody evergreen plants comprised less than 1% of total understory cover. Graminoids (grasses, 
sedges, and rushes) experienced the largest difference in percent cover between unwormed, short-term 
wormed, and longer-term wormed sites, progressing from an average percent cover of 5% in unwormed 
sites to an average percent cover of 36% in longer-term wormed sites. Mean total cover of forbs was 
lowest in longer-term wormed sites (18%), followed by unwormed sites (24%), and reached its maximum 
relative cover in short-term wormed sites (26%). 
The mean percent cover of understory plants per species is shown in Appendix 1. The greatest 
percent cover differences occurred for Carex pensylvanica, which had the lowest understory cover (5%) 
in unwormed sites, intermediate (14%) cover in short-term wormed sites, and the greatest understory 
cover (36%) in longer-term wormed sites. Other understory plants that appeared to be higher in 
abundance where worms invaded included Dirca palustris and Maianthemum canadense. Understory 
plants that appeared lower in abundance where earthworms invaded included Corylus cornuta, Acer 
rubrum, Acer spicatum, and Aralia nudicaulis. 
 
Dissimilarity within and between unwormed, short-term wormed, and longer-term wormed sites 
The mean within and between group dissimilarities of unwormed, short-term wormed, and longer-
term wormed sites are shown in Table 3.5. Unwormed sites displayed the lowest within-group and overall 
dissimilarity (i.e., the greatest similarity). Mean dissimilarity between unwormed and short-term wormed 
sites was the second lowest. Group dissimilarity was greatest between the short-term and longer-term 
wormed sites. On average, within-group compositional dissimilarity was lower than between-group 
compositional dissimilarity. 
 
Compositional differences between worm categories 
The significance of compositional differences among unwormed, short-term wormed, and longer-
term wormed plant communities was tested using the permutational multivariate analysis of variance 
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method (perMANOVA). Compositional differences among the three worm categories were highly 
statistically significant (100,000 permutations, p<0.01). A post-hoc pairwise comparison was conducted to 
determine individual differences among unwormed, short-term wormed, and longer-term wormed 
groupings. Pairwise perMANOVA tests with an FDR correction and 100,000 permutations revealed 
significant compositional differences between short-term and longer-term wormed sites (p=0.01, Table 
3.6), as well as between unwormed and longer-term wormed sites (p=0.04). Compositional differences 
between unwormed and short-term wormed sites was not statistically significant (p=0.7).   
 
NMS: visualizing samples in ecological space 
An optimal NMS solution with three dimensions was selected based on stress levels and r
2 
values 
for a set of ordinations from 1 to 6 dimensions (Figure 3.5). Out of 30 iterations, a single configuration 
with three dimensions and the lowest stress level of 0.17 was selected. Next, I created a Shepard 
diagram to assess the relationship between ordination and ecological distance (Figure 3.6). I rotated the 
ordination to align points with the axes and to assign axes that explained the most variance as the 
primary axes. The 40 relevés resampled in 2017 were arranged into NMS ordination space (Figure 3.7). 
Table 3.7 shows the variation in each axis of the NMS ordination, as well as the total variation of the data. 
The correlation of ordination axes with environmental variables is shown in Table 3.8. Axis 1 is negatively 
correlated with northing and thickness of the A horizon and positively correlated with thickness of the O 
horizon. Axis 2 is moderately positively correlated with easting. Axis 3 is positively correlated with 
elevation and overstory cover.  
 
B. Plant community change from 1989-1996 to 2017 sampling 
Overstory cover 
To assess whether canopy cover was significantly different between the 1989 to 1996 and the 
2017 sampling periods, I first visually compared canopy cover between the two periods (Figure 3.8). A 
one-way ANOVA test indicated that canopy cover was statistically significantly different between the two 




Changes in understory plant species between 1989-1996 and 2017 
A total of 134 understory plant species were present during the 1989-1996 sampling period. 
During the 2017 sampling period, 146 understory plant species were recorded. When plant species with 
only one occurrence were excluded, 103 understory plant species were present during the 1989-1996 
sampling period. Similarly, 104 understory plant species were present during the 2017 sampling period. 
For both periods, the two understory plants with the greatest number of occurrences were Acer 
saccharum and Carex pensylvanica. Acer saccharum was present in every site in both time periods. 
Carex pensylvanica was present in 36 sites during the 1989-1996 sampling period and was present in all 
40 sites during the 2017 sampling period.  
  
Changes in understory plant cover by life form between 1989-1996 and 2017 
For all life forms except woody evergreen plants (woody deciduous plants, graminoids, and 
forbs), cover of understory plants was higher in the 1989 to 1996 sampling period than it was in the 2017 
sampling period (Table 3.9). The largest change in percent cover was between unwormed graminoids, 
which were recorded with a total cover of 43.1 percent in the initial sampling period and a total cover of 
only 5.4 percent during the 2017 sampling period. During the first sampling period, there was a significant 
difference in understory plant cover estimates between one sampler (n=29), and all other samplers 
(n=11), as determined by a one-way ANOVA (F(1,145) = 6.65, p= 0.01, Table 3.10). 
 
NMS: visualizing samples in ecological space 
Correlation vectors for the three NMS axes are shown in Table 3.11. Change over time in plant 
community composition of unwormed, short-term wormed, and longer-term wormed relevés is shown in 
Figure 3.9. In all three worm categories, relevés appeared to be moving towards the bottom right hand 
corner of the NMS ordination, which was associated with a thicker A horizon.  
 
Discussion 
The discussion is divided into two sections. The first section assesses differences between 
unwormed, short-term wormed, and longer-term wormed sites using relevé data collected in 2017. The 
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second section assesses changes over time in plant community composition between the 1989 to 1996 
sampling period and the 2017 sampling period.  
 
A. Differences between unwormed, short-term wormed, and longer-term wormed sites (2017) 
 Across all diversity metrics measured (Shannon-Wiener, inverse Simpson’s, and species 
richness), longer-term wormed sites had lower understory plant species diversity than unwormed and 
short-term wormed sites. Unwormed sites generally exhibited the highest amount of diversity. Species 
evenness was lowest in sites that had been wormed for over two decades, likely reflecting a greater 
dominance of Carex pensylvanica monocultures. 
Differences in abundance of understory plant species after earthworm invasion followed similar 
distributional patterns as was reported by Hale et al. (2006). Of the relevés sampled in 2017, cover of 
Carex pensylvanica had the greatest difference in relative abundance among the wormed categories. 
Cover of Carex pensylvanica was lowest in unwormed sites (5%). Carex pensylvanica cover was 
intermediate in short-term wormed sites (13.9%) and had greatest relative abundance in longer-term 
wormed sites (35.8%). Unlike the majority of native understory plants that are present in sugar maple – 
basswood forests of the Great Lakes region, Carex pensylvanica is non-mycorrhizal (Brundrett and 
Kendrick 1988). Non-mycorrhizal plant species may receive a relative competitive advantage after 
earthworms invade and disrupt current mycorrhizal networks.  
Sugar maple-basswood relevés resurveyed in the Chippewa National Forest did not appear to be 
dominated by Arisaema triphyllum (Hale et al. 2006), although the percent cover of this species was 
indeed lowest (0%) in unwormed relevés (no occurrences), intermediate (1.1%) in short-term wormed 
sites, and greatest (1.7%) in longer-term wormed sites. Arisaema triphyllum is a native herbaceous plant 
species that possesses calcium oxalate crystals in its foliage and roots. These crystals may deter above 
and belowground herbivores, including earthworms. 
Interestingly, the understory plant species associated with the greatest decrease in percent cover 
after earthworm invasion was Corylus cornuta. This plant is a common mid-story shrub in sugar maple -
basswood forest stands in the Chippewa National Forest, and can form dense, impenetrable thickets in 
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young forests. The Corylus genus is known to form symbioses with ectomycorrhizal fungi, and therefore 
may experience a competitive disadvantage when earthworms become established.  
Two other understory woody species that appeared to decrease in abundance as earthworms 
became established were Acer rubrum and Acer spicatum. Previous studies have shown that earthworm 
invasion can have negative effects on Acer saccharum colonization (Lawrence et al. 2003; Cassin and 
Kotanen 2016), although mean percent cover of Acer saccharum seedlings across worm categories 
appeared fairly similar in this study. Both Acer saccharum and Acer rubrum are known to form symbioses 
with arbuscular mycorrhizae. 
The effects of invasive earthworms on total cover of understory vegetation varied by Küchler life 
form (woody deciduous, woody evergreen, graminoids, and forbs). Woody deciduous cover was lowest in 
unwormed sites, followed by longer-term wormed sites. Woody deciduous cover was highest in short-term 
wormed sites. This phenomenon may be a result of an increase in readily available nutrients available for 
plant uptake immediately after earthworm invasion, followed by a longer-term decrease in nutrients as 
these nutrients become prone to leaching and outwash (Resner et al. 2014). Woody evergreen species 
appeared to have a relatively low dominance in all categories, likely because relevés selected for 
resampling were classified as sugar-maple basswood forests. Mean cover of forbs was intermediate at 
unwormed sites, greatest at short-term wormed sites, and reached its lowest value at longer-term wormed 
sites. Herbaceous plants may experience an initial flush of growth following a recent earthworm invasion, 
followed by a longer-term decrease in total cover (Hale et al. 2008). Total cover of graminoids 
experienced the greatest degree of change as earthworms became established over time. Of the relevés 
sampled in 2017, the observed large difference in graminoid cover after earthworm invasion mirrors that 
reported by Craven et al. (2016), who found that total cover of graminoids increased with increasing 
earthworm biomass. 
Sites that were classified as unwormed (within-group) had the lowest rates of dissimilarity, 
indicating these sites were the most compositionally similar. The second least compositionally dissimilar 
categories were unwormed and short-term wormed sites (between-group), indicating that these sites also 
shared a large degree of compositional similarity. Sites that had been wormed for the longest period of 
time appeared to have the greatest rates of dissimilarity between short-term wormed (between-group) 
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and unwormed (between-group) relevés. This may indicate that the greatest compositional changes in 
plant communities that have been invaded by exotic earthworms occur after two decades or more of 
invasion. If greater within-group compositional dissimilarity indicates a community currently in transition, 
then it appears that both short-term wormed and longer-term wormed sites are currently in a state of 
transition. Compositional dissimilarity appears to increase as earthworms invade, and sites that have 
been wormed for greater than two decades did not appear to have reached a compositionally similar end 
state “wormed” community type.  
 
B. Changes in understory plant cover between 1989-1996 and 2017 
Overstory cover change 
Before analyzing cover changes of understory vegetation over time, I first assessed whether 
there were differences in overstory cover between sampling periods which may have influenced patterns 
in understory plant community composition. Overstory cover was significantly greater in the 1989 to 1996 
sampling period than in the 2017 sampling period. Given that no harvesting occurred between the two 
sampling periods, there are several mechanisms that could account for the observed decrease in 
overstory cover. The first explanation is sampler bias: surveyors during the first sampling period may have 
perceived greater canopy coverage than myself during the 2017 sampling period. Studies have shown 
that visual estimations of forest canopy cover may be subjective (Korhonen et al. 2006; Paletto and Tosi 
2009). Sampler bias of overstory cover could explain why there did not appear to be an associated 
increase in understory cover as canopy cover decreased. However, other factors could also explain low 
understory cover values as the overstory cover decreased. For example, a decrease in overstory cover 
could have been associated with an increase in mid-story cover, resulting in less light reaching the forest 
floor. In addition, there could be other environmental stressors preventing recruitment of understory 
vegetation. 
There are several other possible explanations for the decrease in overstory cover over time. In 
the summers of 2012 and 2016, severe blowdown events occurred in the Chippewa National Forest, 
which resulted in many large downed trees. Localized canopy gaps can also occur as a natural part of 
forest succession. It is important to note that canopy cover was recorded at the scale of the 10 x 10-meter 
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relevé. Thus, canopy cover values could be low at the individual 10 x 10-meter area even when canopy 
cover was high in the forest stand as a whole.  
 
Changes in understory plant cover by life form and species between 1989-1996 and 2017 
Long-term ecological studies can be crucial sources of information to answer fundamental 
questions about how forest communities are changing over time. However, long-term studies are often 
complicated by the fact there are often multiple external and dynamic circumstances acting upon the 
target study system over time. To tease apart the interrelated processes that may be occurring in sugar 
maple- basswood relevés of the Chippewa National Forest over the past two decades, I will discuss 
change over time and possible mechanisms for each life form separately, then summarize. 
 
1. Change over time of woody deciduous understory plants 
Woody deciduous understory vegetation decreased from 1989-1996 to 2017 in both wormed and 
unwormed sites. Although all worm categories experienced a decrease in understory woody deciduous 
cover, the most drastic change occurred in relevés that were unwormed in both the 1989 to 1996 
sampling period and the 2017 sampling period, with a decrease in cover of over 30 percent. There did 
appear to be a significant difference in cover estimations between samplers during the 1989 to 1996 
sampling period, with the sampler who surveyed the majority of relevés during the first sampling period 
recording significantly greater cover estimations than other samplers during this time. In addition, the 
sampler who recorded greater cover estimations was responsible for surveying the majority of relevés (4 
out of 6) classified as unwormed during both sampling periods. Therefore, relevés which were unwormed 
during both sampling periods may have appeared to experience particularly sharp declines in cover when 
compared to other earthworm categories due to a greater number of high cover estimates assigned by 
one particular sampler during the 1989 to 1996 sampling period. Although we cannot dismiss the 
possibility of sampler bias contributing to this observed large decrease in understory woody deciduous 
vegetation, it is doubtful that sampler bias is solely responsible for a difference in woody deciduous cover 
of over 30%.  
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The decrease in relevés that were unwormed during both sampling periods suggests that there 
are other processes affecting understory vegetation in sugar maple-basswood forests in addition to 
worming. The most commonly occurring understory woody deciduous plant species of this study was 
sugar maple (Acer saccharum). Across all understory plant species, Acer saccharum understory cover 
decreased the most drastically between the 1989 to 1996 and 2017 sampling periods. This may reflect 
changes in regional climate or herbivory associated with deer browse (Matonis et al. 2011). 
Although there appears to be a decrease over time in woody deciduous understory vegetation 
across all worm categories, it is worth noting that there also appears to be a decrease in woody 
deciduous understory vegetation in wormed sites for both the 1989 to 1996 sampling period and the 2017 
sampling period when compared to unwormed sites during both time periods. Therefore, worming may be 
a secondary factor contributing to the decline of understory woody deciduous vegetation. Hale et al. 
(2006) found that woody understory vegetation decreased as earthworms invaded a majority of sites. 
Earthworms may negatively affect seedling recruitment of Acer saccharum by disrupting fungal mutualists 
and by destroying fine root biomass (Hale et al. 2006).  
 
2. Change over time of woody evergreen understory plants 
Changes in woody evergreen understory plants over time were less dramatic than changes 
observed for other life forms. Woody evergreen plants were absent to sparse in the majority of plots 
sampled in both 1989-1996 and 2017, typically consisting of an occasional Abies balsamea seedling or 
sapling. Relevés classified as northern mesic hardwood forests were specifically targeted for resampling 
in this study, and relative abundance of woody evergreen understory plants did not appear to dramatically 
increase or decrease over two decades in these unmanaged hardwood forests. In relevés that were 
unwormed during both sampling periods, woody evergreen cover differed by less than one percentage 
point (Table 3.9). Relevés that were unwormed during the first sampling period and became wormed prior 
to 2017 experienced an intermediate cover change of woody evergreen understory plants, decreasing 
from 3% cover during the first sampling period to 0.1% cover in 2017. Relevés that were wormed during 
both sampling periods experienced the greatest relative cover change, decreasing from 3% cover during 
the first sampling period to 0.1% cover in 2017. This slight decrease in understory woody evergreen cover 
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in short-term wormed and longer-term wormed relevés may be due to earthworm invasion, climate 
change, or perhaps simply due to chance. Further studies are needed to examine the effects of invasive 
earthworms on woody evergreen understory plant species in coniferous-dominated forests over time. 
 
3. Change over time of understory forbs 
Total cover of herbaceous, non-graminoid understory plant species decreased in both wormed 
and unwormed relevés from the 1989 to 1996 sampling period to the 2017 sampling period. As 
mentioned previously, sampler bias could account for some portion of the observed decreases in percent 
cover. However, a study of forest change over 50 years in northern Wisconsin and the Upper Peninsula 
of Michigan similarly observed a decrease of many native forbs over multiple decades (Wiegmann and 
Waller 2005). Study results indicate this decrease could be attributed to herbivory by white tail deer, 
noting that herbaceous plant species are particularly vulnerable to consumption as they never outgrow 
the risk of herbivory. Certain herbaceous plant species with showy flowers may be particularly noticeable 
to deer, and thus more vulnerable to deer herbivory (Wiegmann and Waller 2005). Indeed, large-flowered 
bellwort (Uvularia grandiflora) experienced the greatest declines in abundance among herbaceous plants 
from the 1989 to 1996 sampling period to the 2017 sampling period. Wiegmann and Waller (2005) also 
suggest that plant species reliant on animal dispersal, such as many native forbs, may suffer as 
populations of animal mutualists have declined over the past several decades.  
Although total cover of forbs across all worm categories decreased, cover decreases were 
greatest in sites that contained worms. Therefore, it is likely that an interaction exists between 
earthworms and other environmental variables resulting in the observed decrease in forb coverage. 
Earthworms can affect forbs by consuming fine roots, disrupting fungal mutualists, directly ingesting 
seeds, or by removing the duff layer and subjecting seeds to desiccation and freezing (Chapter 1). 
 
4. Change over time of graminoid plant species 
Graminoid cover appears to have declined in both wormed and unwormed relevés over the past 
two decades in resampled relevés. Once again, sampler bias may have played a part in the observed 
dramatic decreases in graminoid cover between the two sampling periods. The majority of graminoid 
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cover in both the 1989 to 1996 sampling period and 2017 consisted of the native sedge Carex 
pensylvanica. Between 1989-1996 and 2017, cover of Carex pensylvanica decreased by 17.6 percent 
(Appendix B). This result is contrary to that reported by Wiegmann and Waller (2005), who found Carex 
species to be the biggest “winner” of all plants surveyed over the 50-year period, increasing by 286%. 
Although cover of Carex pensylvanica is frequently reported to increase as forests become invaded by 
invasive earthworms (Hale et al. 2006; Holdsworth et al. 2007), the occurrences of large monocultures of 
Carex pensylvanica in forests of the Great Lakes may actually be dependent upon a more complex 
combination of factors. 
Powers and Nagel (2008) found that mat formation of sedges in hardwood forests of the 
Chequamegon-Nicolet National Forest in northern Wisconsin were associated with a combination of 
environmental conditions. The study found that sedge mat formation was highest when at least two of 
three disturbance factors were present: dense invasive epigeic earthworm presence, forest management, 
and high deer density. There is little publicly available information about historic deer densities in 
Minnesota. In addition, deer densities may vary considerably throughout the national forest, as hunting 
and take regulations in areas of the forest under the jurisdiction of the Leech Lake Band of Ojibwe differ 
from those established by the Minnesota Department of Natural Resources. It is safe to assume that 
epigeic earthworms were present in more relevés in 2017 than during the 1989 to 1996 sampling period. 
The last factor identified by Powers and Nagel that may lead to the formation of dense mats of Carex was 
recent intense management. Because none of the forest stands resurveyed in this thesis were harvested 
between the two sampling periods, the absence of this condition may help explain the decreased cover of 
graminoids during the second sampling period when compared to the 1989 to 1996 sampling period. 
 
5. Summary across life forms 
To summarize, we observed a dramatic decrease in understory cover of woody deciduous plants, 
forbs, and graminoids between the 1989 to 1996 and 2017 sampling periods. This observed decrease 
may reflect a real trend, or it may be an artifact of different samplers with different cover value 
estimations, or it may be some combination of these two explanations. Unlike plant community data 
collected in 2017, plant data collected across the 1989 to 1996 and 2017 sampling periods had multiple 
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surveyors conducting plant inventories. Therefore, it is possible that recorded differences in understory 
plant cover were actually a result of differences in percent cover estimation between surveyors. Analyses 
of understory vegetation cover values between a botanist who surveyed 29 relevés versus cover values 
of all other botanists who sampled the remaining 11 relevés showed significant differences between 
samplers (Table 3.10). In addition, the sampler during the 1989 to 1996 sampling period who recorded 
significantly higher cover values was responsible for surveying four out of six relevés classified as 
unwormed during both sampling periods.  
However, decreases in percent cover of understory plants may be consistent with observed state-
wide decreases in understory cover of northern mesic hardwood forests. An analysis of northern mesic 
hardwood forest (MHn35) understory plants (under 10 meters) in the Minnesota Department of Natural 
Resources relevé database identified pervasive statewide decreases in cover of woody deciduous plants, 
forbs, and graminoids before and after 1996 (Almendinger, unpublished data). The decreases in percent 
cover occurring statewide were less dramatic than those discovered in this study, however they showed 
the same general decreases among understory cover across all life forms, including graminoids. A survey 
of understory plants in 62 upland forest stands in northern Wisconsin found an average decrease in 
density of native plant species of 18.5 percent over 50 years at a scale of 20 square meters (Rooney et 
al. 2004). The study suggested deer overpopulation was the key driver affecting the observed cover 
decreases.  
On the surface, it might seem as though deer overpopulation in the Chippewa National Forest is 
simply causing understory vegetation to decline. And although this may be a factor affecting the decrease 
of woody deciduous and herbaceous understory cover, it is unlikely that deer are responsible for the large 
observed decrease in graminoid cover across all worm categories. Graminoids generally fare better than 
herbaceous plants in the face of grazing pressures (Wiegmann and Waller 2005). Therefore, changes in 
understory cover observed over the past two decades are likely the result of multiple interrelated actors. 
In addition, it is important to note that all stands resurveyed in 2017 have not been harvested for 
a minimum of three decades. Thus, relative understory plant cover and species distribution changes 
identified in this study are specific to sugar-maple basswood stands that have not been harvested in the 
past two decades, and therefore may not represent plant community changes occurring on sites that have 
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experienced more frequent disturbance or different successional trajectories. It is not possible to use the 
results of this study to pinpoint exactly which of these specific factors are driving changes in understory 
plant community composition in the Chippewa National Forest. Nevertheless, it appears as though 
invasive earthworms are not the only substantial driver of change in sugar maple- basswood forests of 
the Chippewa National Forest over the past two decades.  
 
Future recommendations for sampling and data analysis 
In the future, I recommend calibrating cover estimates among different surveyors in the field to 
ensure a high degree of accuracy within and among samplers. Although samplers during the 1989 to 
1996 sampling period received yearly training on ocular estimations of cover, there still appeared to be 
some degree of cover estimation differences among samplers. In addition, it is often not feasible to 
calibrate cover estimations of samplers in studies spanning multiple decades. Therefore, it is 
recommended for future surveyors to document cover estimations at each site with five photographs. It is 
suggested that the surveyor stands at the center of the relevé and take four photographs, one at each 
cardinal direction. A fifth photograph should be taken at breast height (4.5 meters above the ground) 
pointing downwards at the corner of the relevé and baseline of the species area plot, if present. In this 
way, the surveyor not only provides a defense against differences in cover estimates among samplers, 
but also assists future surveyors in relocating permanent relevés. Lastly, analysis of long-term relevé 
vegetation data would be aided by more accurate and publicly available estimations of state-wide, 
regional, and local deer populations in Minnesota over multiple decades.  
 
Resampling permanent plots vs. chronosequence 
Previous studies examining the effects of invasive earthworms on forests of the Great Lakes 
region typically rely on a chronosequence of earthworm invasion, whereby sites along a transect 
appearing to be at different stages of earthworm invasion are compared (Hale et al. 2006, Resner et al. 
2014, Lyttle et al. 2015). The two main topics analyzed in this chapter – 1) differences between 
unwormed, short-term wormed, and longer-term wormed plant communities in 2017, and 2) understory 
plant community change between the 1989 to 1996 sampling period and the 2017 sampling period – 
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represent two major approaches to understanding vegetation change. The first topic makes use of a 
different technique that is commonly utilized by ecologists; namely, resampling of permanent vegetation 
relevés (different time, same place). The second topic relies on the previously described chronosequence 
approach (same time, different place).  
Both the chronosequence technique and the resampling of permanent plots have relative 
strengths and weaknesses. A weakness of permanent plot resampling is that long-term climate and 
environmental variation may compound and complicate interpretation of the target study system. A 
second weakness of permanent plot resampling is that different surveyors may have different estimations 
of ocular field measurements, such as observations of understory vegetation cover. In contrast, the 
chronosequence method is useful when observing the entire earthworm invasion successional process in 
a single forest community is not feasible. However, the chronosequence methodology relies on three 
major assumptions (Gurevitch 2006). First, it assumes that similar forest communities undergo similar 
stages of succession. Second, the method assumes that external biotic and abiotic factors will remain 
relatively constant throughout successional time. Third, the chronosequence method assumes that sites 
that are spatially close to one another are analogous and therefore undergo a similar successional 
sequence. Site-specific differences of chronosequence plots may confound interpretation of ecological 
change over time. If these assumptions are violated, the validity of comparisons between plant 
communities may not be accurate. It is important to acknowledge the strengths and respective weakness 
of each method. Nevertheless, important information can be gleaned from both approaches, especially if 
both are utilized.  
In this study, the chronosequence method was employed to assess differences in understory 
vegetation between unwormed, short-term wormed, and longer-term wormed relevés. The method of 
resurveying permanent relevés was used to assess changes in plant community composition over two 
decades. Although the categories for comparison of changes in plant community composition differed 
between these two methods, insights can still be gained from comparing the results of these two 
complimentary methodologies. In relevés that had been wormed for more than two decades and in 
relevés sampled in 2017, Arisaema triphyllum abundance was highest, suggesting that this plant is faring 
well despite earthworm invasions and observed decreases in cover of other plant species over the past 
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two decades. This plant may be experiencing greater abundances due to its production of secondary 
compounds, which may deter herbivory of both invasive earthworms and white-tailed deer.  
Several understory plants which decreased in abundance after earthworms became established 
and also decreased in abundance prior to the 2017 sampling season. Corylus cornuta decreased in both 
longer-term wormed relevés and in relevés sampled during 2017. It is possible that the observed 
decrease in Corylus cornuta abundance may be due to disruption of its symbioses with ectomycorrhizal 
fungi after earthworm invasion, or due to the later successional stages occurring in relevés resampled 
during 2015. 
Interestingly, average cover of Carex pensylvanica was greatest in sites that had been wormed 
for over two decades, while average cover of Carex pensylvanica decreasing from the 1989 to 1996 
sampling period to the 2017 sampling period. Although Carex pensylvanica is not mycorrhizal and may 
receive a competitive advantage when compared to disturbed mycorrhizal plants after earthworm 
invasion, several of the three factors predicting the likelihood of Carex pensylvanica mat formation (recent 
management, high density of epigeic earthworms, and high deer densities) may explain the observed 
large decrease in Carex pensylvanica cover over time.  
 
Future management implications 
Unwormed hardwood forest stands are becoming increasingly uncommon in the Chippewa 
National Forest. Despite a concerted effort to locate unwormed permanent vegetation relevés during the 
summer of 2017, only six relevés were found that remained unwormed. It is essential that baseline data 
on plant community composition of unwormed sites is collected before these areas disappear, especially 
given their apparent diversity when compared to sites invaded by earthworms. In the Chippewa National 
Forest, unwormed sites may persist in isolated areas that function as habitat islands, such as forest 
stands surrounded by peatlands. These few remaining unwormed areas should be targeted for baseline 
studies.  
If results of this study are indicative of future trends as earthworms become established, it can be 
expected that a decrease in understory diversity (evenness and richness) will occur as hardwood forest 
stands become more wormed over time. There may be an initial flush of understory herbaceous 
vegetation immediately post earthworm invasion as nutrients become readily available, however this will 
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likely be followed by a longer-term decrease in understory herbaceous vegetation. Native understory 
plant species that form symbioses with mycorrhizal fungi or plants that rely on a thick organic horizon may 
face a competitive disadvantage where earthworms are present. Rare native plant species which form 
obligate symbioses with mycorrhizal fungi and are reliant on a thick duff layer, such as Botrychium 
mormo, Botrychium lanceolatum, Botrychium minganense, Botrychium simplex, and Sceptridium 
oneidense, may experience habitat loss leading to the eventual extirpation of one or more of these rare 
species. Plants that may benefit from earthworm invasion include non-mycorrhizal species and non-native 
plants which have coevolved with earthworms. By understanding the effects of invasive earthworms on 
understory plant composition over multiple decades, the biological consequences of earthworm invasion 
can be more effectively predicted and managed as invasive earthworms continue to spread across the 
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Figure 3. 1. Invasive earthworm status of selected permanent vegetation relevés in the Chippewa 
National Forest from 1989 to 2017 (n=40). In 2017, earthworms were sampled within permanent relevés. 
For the 1989 to 1996 sampling period, the earthworm status was predicted using a model with O horizon 
thickness as a predictor variable (Chapter 2). Green dots represent permanent relevés that were 
unwormed during the initial sampling period of 1989-1996 and remained unwormed during the 2017 
sampling period. Yellow dots represent permanent relevés that were unwormed during the initial sampling 
period of 1989-1996 but had become wormed by the 2017 sampling period. Orange dots represent 
permanent relevés that were wormed during the initial sampling period of 1989-1996 and remained 
wormed in the 2017 sampling period. There were no relevés that were wormed during the 1989 to 1996 





Figure 3. 2. Sampling design for a 32 x 32-meter nested species area plot shown in black. Center (5 x 5 
meters) and extent (10 x 10 meters) of a relevé are shown in red. Yellow stars indicate approximate 




Figure 3. 3. Understory plant species richness and canopy cover during summer 2017. Plant species 
richness was calculated as the number of understory plant species observed per 10 x 10 meter relevé. 
Note that, although areas sampled represent mature forest stands, low canopy cover values can occur 





Figure 3. 4. Canopy cover of unwormed, short-term wormed, and longer-term wormed relevés in the 
Chippewa National Forest during summer 2017. Canopy cover was not significantly different among 




Figure 3. 5. Left: badness of fit, Right: goodness of fit of NMS solutions with 1 to 6 axes. NMS solution 
was created using a Bray-Curtis dissimilarity matrix of understory plant vegetation data from 40 relevés 




Figure 3. 6. A Shepard diagram depicting the relationship between sample separation in ordination space 




Figure 3. 7. Three-dimensional NMS ordination of 40 understory vegetation relevés in the Chippewa 
National Forest with various stages of earthworm infestation. Axis 1 and 2 are shown on the left, and axis 
1 and 3 are shown to the right. Each point represents a single relevé. The color of the point signifies 
earthworm category (unwormed, short-term wormed, or longer-term wormed).  Fill color corresponds to 
boundaries of the convex hull created by connecting points to form a polygon for each of the three worm 





Figure 3. 8. Canopy cover change of permanent vegetation relevés in the Chippewa National Forest 
between sampling periods. Canopy cover was significantly different between the two sampling periods 
(p<.01).  
 
Figure 3. 9. Change over time in plant community composition of unwormed, short-term wormed, and 
longer-term wormed relevés. One blue, orange, or red arrow represents a single permanent relevé. The 
bottom of the arrow represents a single relevé’s position in ecological space during the 1989-1996 
sampling period, while the tip of the arrow represents this same relevé’s position in ecological space 
during the 2017 sampling period. Blue arrows represent sites that were unwormed during both the 1989-
1996 and 2017 sampling periods, orange arrows represent sites that were unwormed during the 1989-
1996 sampling period and were wormed during the 2017 sampling period, and red arrows represent sites 
that were wormed during both the 1989-1996 sampling period and the 2017 sampling period. Correlation 
between environmental variables and NMS ordination axes are shown in Table 3.11. The bottom left 





Table 3. 1. Cover and abundance classifications for vegetation recorded in 10 x 10-meter relevés. Cover 






Description MN DNR cover est. 





r 1 single plant 1  1 
 + 2 2-20 plants 3  3 
1 3 many individuals 5  5 
2 4 5-25%  11.2 11.2 
3 5 25-50%  35.4 35.4 
4 6 50-75%  61.2 61.2 
5 7 75-100%  86.6 86.6 
 




Table 3. 3. Diversity indices for relevés resampled in 2017. Values represent mean diversity per relevé 
overall, and in unwormed, short-term wormed, and longer-term wormed relevés. Indices with an asterisk 
(*) represent diversity values which were statistically significantly different among the three worm status 
categories. 
Diversity indices 
Diversity Overall Unwormed Short-term wormed Longer-term wormed 
Shannon-Wiener 
index* 
3.16 3.43 3.25 2.84 
Simpson's index (1/D)* 20.16 28.54 21.25 13.97 





8 >35 m 
7 20-35 m 
6 10-20 m 
5 5-10 m 
4 2-5 m 
3 .5-2 m 
2 .1-.5 m 
1 <.1 m 
89 
 
Table 3. 4. Percent cover of understory vegetation by Küchler life form and worm status. Data was 
collected from 40 relevés during summer of 2017 in the Chippewa National Forest. 
 
Percent cover of understory plants by Küchler life form and worm status 
Worm change Woody deciduous (%) Woody evergreen (%) Graminoids (%) Forbs (%) 
Unwormed 19.27 0.67 5.40 23.77 
Short-term wormed 28.72 0.50 14.95 26.22 
Longer-term wormed 22.85 0.08 35.97 17.35 
 
 
    
 
Table 3. 5. Mean Bray-Curtis dissimilarity between and within unwormed, short-term wormed, and longer-




Table 3. 6. Pairwise differences in understory plant composition by worm category in 2017. Pairwise 
comparisons with an asterisk (*) indicate statistically significant differences (p<.05). 
Pairwise differences in understory plant composition by worm category 
Pairwise comparisons F Model r
2 
P value P adjusted 
Short-term wormed vs. Unwormed 0.8 0.03 0.7 0.7 
Short-term wormed vs. Longer-term wormed* 2.9 0.1 0.004 0.01 
Unwormed vs. Longer-term wormed* 2.6 0.1 0.03 0.04 
 
 
Table 3. 7. Relative and cumulative variation per axis of a 3-dimensional NMS ordination of 2017 
understory plant community data. 
Axis Variation explained (r
2
) Cumulative variation 
Axis 1 .21 .21 
Axis 2 .16 .37 
Axis 3 .12 .49 
Mean dissimilarity between and within worm groupings 
 
Unwormed Short-term wormed Longer-term wormed 
Unwormed 0.47 0.51 0.58 
Short-term wormed 0.51 0.56 0.60 





Within groups 0.55 




Table 3. 8. Correlation between environmental variables and NMS ordination axes. The NMS ordination 
was created using the 2017 sampling period understory vegetation data. Correlations significant at the 
p=0.05 level are shown; NAs indicate non-statistically significant correlations. *IERAT: Invasive 
earthworm rapid assessment tool. This is a ranking system from 1 (unwormed) to 5 (highly wormed). 
 
NMS1 NMS2 NMS3 
Easting NA 0.38481 NA 
Northing -0.5522 NA NA 
Elevation NA NA 0.536554 
Overstory cover NA NA 0.417551 
Slope NA NA NA 
Stand age NA NA NA 
IERAT* -0.67263 NA NA 
A horizon thickness -0.54583 NA NA 
O horizon thickness 0.522593 NA NA 
 
  
Table 3. 9. Cover of understory plants by life form and worm status between 1989-1996 and 2017 
sampling periods. Worm status in 1989-1996 was predicted using the thickness of the O horizon as a 
predictor variable (Chapter 2). Cover values were calculated according to Table 2 and averaged across 
relevés by worm category. 
Cover of understory plants by life form and worm status over time 
Worm change Time Woody deciduous (%) Woody evergreen (%)  Graminoids (%) Forbs (%) 
1. Unwormed 1989-1996 48.5 0.5 39.1 48.8 
    Unwormed 2017 19.3 0.7 5.4 23.8 
2. Unwormed 1989-1996 46.2 3.0 39.9 54.2 
    Wormed 2017 28.7 0.5 14.9 26.2 
3. Wormed 1989-1996 36.0 3.0 54.3 46.5 
    Wormed 2017 22.8 0.1 36.0 17.4 
 
 
Table 3. 10. Percent cover estimates of understory plants by sampler during the 1989 to 1996 sampling 
period. 
Percent cover estimates by sampler during the 1989 to 1996 sampling period 
 Woody deciduous (%) Woody evergreen (%) Forbs (%) Graminoids (%) 
Sampler 1 
(n=29) 
45 2.9 56 51 
Other samplers 
(n=11) 






Table 3. 11. Correlation between environmental variables and NMS ordination axes. The NMS ordination 
was created using both 1989-1996 and 2017 understory vegetation data. Correlations significant at the 
p=0.05 level are shown; NAs indicate non-statistically significant correlations.  
 
NMS1 NMS2 NMS3 
Easting (UTM) 0.26126 NA NA 
Northing (UTM) 0.449094 NA 0.214928 
Elevation NA -0.31129 -0.18963 
Overstory cover NA NA -0.36494 
Stand age NA -0.37508 NA 
Worm status (0/1) NA -0.31287 0.27209 
A horizon thickness 0.352462 -0.23965 0.305276 











CHAPTER 4: SUMMARY 
 
Over the last century, non-native earthworms have invaded natural areas in the Great Lakes 
region of North America and, over the last several decades, they have been increasingly recognized as a 
threat to soil structure, plant biodiversity, and forest regeneration. Although studies have documented the 
short-term effects of invasive earthworms, little is known about the long-term effects of invasive 
earthworms on understory plant community composition.  
During the summer of 2017, I re-sampled soils and vegetation in 40 permanent vegetation 
relevés originally established between 1989 and 1996 within the Chippewa National Forest in northern 
Minnesota. In addition, I sampled and inventoried invasive earthworms occurring in these permanent 
relevés. I created a model using GLM logistic regression to categorize sites as wormed or unwormed (ie., 
presence or relative absence of earthworms, respectively) using the thickness of the O horizon as a 
predictor variable. The model correctly classified 93 percent of the relevés resampled in 2017 as wormed 
or unwormed. I applied this model to permanent relevés that were sampled from 1989 to 1996 to 
categorize these sites as wormed or unwormed during the initial sampling period. Based on this 
classification I created three groupings of relevés to quantify differences in plant community composition: 
1) sites that were unwormed during the 1989 to 1996 sampling period and remained unwormed during 
the 2017 sampling period (‘unwormed’), 2) sites that were unwormed during the 1989 to 1996 sampling 
period and were wormed during the 2017 sampling period (‘short-term wormed’), and 3) sites that were 
wormed during the 1989 to 1996 sampling period and remained wormed during the 2017 sampling period 
(‘longer-term wormed’).  
Shannon-Wiener diversity and Simpson’s diversity of understory plants were greatest at 
unwormed sites. Understory plant species richness was similar at unwormed and short-term wormed 
sites. All three measures of plant diversity were lowest at longer-term wormed sites. Understory plant 
composition in longer-term wormed relevés was significantly different than plant composition in unwormed 
and short-term wormed relevés. Of the relevés sampled in 2017, cover of Carex pensylvanica had the 
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greatest difference in relative abundance among the wormed categories (unwormed, short-term wormed, 
and longer-term wormed). Cover of Carex pensylvanica was lowest in unwormed sites (5 percent). Carex 
pensylvanica cover was intermediate in short-term wormed sites (13.9 percent) and had greatest relative 
abundance in longer-term wormed sites (35.8 percent). Unlike the majority of native understory plants 
that are present in sugar maple – basswood forests of the Great Lakes region, Carex pensylvanica is 
non-mycorrhizal (Brundrett and Kendrick 1988). Non-mycorrhizal plant species may receive a relative 
competitive advantage after earthworms invade and disrupt current mycorrhizal networks. In contrast, 
Corylus cornuta forms symbioses with ectomycorrhizal fungi. This plant experienced a decrease in 
average cover of relevés that had been wormed for over two decades. By understanding the effects of 
invasive earthworms on understory plant composition over multiple decades, the biological consequences 
of earthworm invasion can be more effectively predicted as invasive earthworms continue to spread 
across the Great Lakes region. 
Cover of understory woody deciduous plants, forbs, and graminoids decreased substantially from 
the 1989-1996 to 2017 sampling period. This may be due to a combination of factors, including 
differences in sampler estimations of cover, deer herbivory, earthworm invasion, or climate change. It is 
not possible to use the results of this study to pinpoint exactly which of these specific factors are driving 
changes in understory plant community composition in the Chippewa National Forest. Nevertheless, it 
appears as though invasive earthworms are not the only substantial driver of change in sugar maple- 




APPENDIX A. MEAN UNDERSTORY COVER BETWEEN WORM CATEGORIES. 
 
Mean 2017 understory cover values for different worm categories 
Species n Unwormed Short-term wormed Long-term wormed 
Abies balsamea 13 0.8 0.9 0.1 
Acer rubrum 20 3 1.2 1 
Acer saccharum 40 10.8 13.1 12.3 
Acer spicatum 24 2.7 2.5 1.4 
Actaea rubra 10 0.5 0.9 0.8 
Adiantum pedatum 1 0 0.2 0 
Agrostis perennans 1 0 0.1 0 
Amelanchier sp 15 0.2 0.9 1.5 
Amphicarpaea bracteata 7 0.2 0.9 0.4 
Anemone americana 19 2.2 1.5 1.7 
Anemone quinquefolia 32 4 3.5 3.1 
Apocynum androsaemifolium 4 0.2 0.2 0.1 
Aralia nudicaulis 32 3.7 3 2 
Aralia racemosa 15 0.3 1.3 0.6 
Arisaema triphyllum 15 0 1.1 1.7 
Asarum canadense 12 0.5 1.9 0.8 
Athyrium filix-femina 25 2.5 5.1 1.5 
Betula alleghaniensis 3 0 0.3 0 
Betula papyrifera 9 0.8 0.2 0.7 
Botrychium virginianum 22 1.5 2.1 0.8 
Brachyelytrum aristosum 11 1 1 0.2 
Bromus latiglumis 1 0 0.2 0 
Carex arctata 5 0 0.4 0.5 
Carex brunnescens 1 0 0 0.2 
Carex deweyana 6 0.5 0.3 0.2 
Carex gracillima 2 0 0.2 0 
Carex intumescens 4 0 0.3 0.1 
Carex pedunculata 31 1.8 3.7 2.9 
Carex pensylvanica 40 5 13.9 35.8 
Carex radiata 2 0 0 0.2 
Caulophyllum thalictroides 7 0.2 0.6 0.2 
Cicuta maculata 1 0 0.2 0 
Circaea alpina 1 0 0 0.2 
Circaea lutetiana 1 0 0 0.2 
Cirsium arvense 1 0.5 0 0 
Clintonia borealis 22 2.2 2 1.2 
Corallorhiza maculata 4 0 0.1 0.1 
Corallorhiza trifida 2 0 0.3 0 
Cornus alternifolia 29 2.5 2.3 2.3 
Cornus canadensis 1 0 0 0.2 
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Cornus rugosa 3 0.5 0.3 0 
Corylus americana 1 0 0 0.2 
Corylus cornuta 30 4.4 3.1 1.9 
Crataegus sp 3 0 0 0.5 
Cryptotaenia canadensis 1 0 0 0.2 
Cypripedium parviflorum 3 0 0.3 0.2 
Desmodium glutinosum 2 0 0.2 0 
Diervilla lonicera 6 0 0.5 0.5 
Dirca palustris 27 1.2 2.1 3.1 
Dryopteris carthusiana 9 0.5 0.4 0.8 
Elymus canadensis 1 0 0.1 0 
Elymus hystrix 1 0 0 0 
Epilobium ciliatum 1 0 0 0.2 
Epipactis helleborine 1 0 0.1 0 
Equisetum hyemale 1 0 0 0.2 
Equisetum pratense 3 0 0.1 0.7 
Equisetum scirpoides 6 0.5 0.4 0.9 
Equisetum sylvaticum 1 0 0 0.2 
Eurybia macrophylla 31 3.3 3.4 2 
Festuca subverticillata 1 0 0 0.2 
Fragaria virginiana 11 1.3 1.2 0.5 
Fraxinus nigra 4 0 0.4 0 
Fraxinus pennsylvanica 22 1.7 1.1 2 
Galium boreale 1 0 0.2 0 
Galium triflorum 18 1.5 1.1 1.2 
Goodyera pubescens 3 0 0.4 0 
Gymnocarpium dryopteris 5 0 0.6 0.2 
Hieracium scabrum 1 0.2 0 0 
Huperzia lucidula 3 0 0.3 0.2 
Impatiens capensis 2 0.5 0.1 0 
Lactuca biennis 1 0 0 0 
Lathyrus ochroleucus 16 1.8 1.2 1.2 
Lathyrus venosus 1 0.8 0 0 
Lonicera canadensis 23 1.5 1.6 2 
Lonicera hirsuta 7 0.5 0.6 0.2 
Luzula acuminata 5 0.5 0.5 0 
Lycopodium annotinum 2 0 0.5 0 
Lycopodium clavatum 1 0 0 0.4 
Lycopodium dendroideum 11 0.5 1 0.6 
Maianthemum canadense 37 2.8 4.3 4.8 
Maianthemum racemosum 16 0.7 1.1 1.2 
Matteuccia struthiopteris 4 0 0.5 0 
Milium effusum 1 0 0 0 
Mitella nuda 1 0 0.1 0 
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Monotropa uniflora 3 0 0 0.2 
Onoclea sensibilis 1 0 0.1 0 
Oryzopsis asperifolia 35 2.8 3.2 4.5 
Osmorhiza claytonii 27 3 2.3 2.1 
Osmunda claytoniana 10 0.5 1.5 0.1 
Ostrya virginiana 34 2.3 4.7 3.9 
Parthenocissus vitacea 1 0 0 0.1 
Petasites frigidus 1 0 0.1 0 
Picea glauca 4 0.7 0.1 0 
Pinus strobus 2 0 0.1 0 
Platanthera aquilonis 1 0 0 0 
Poa palustris 1 0 0 0 
Poa saltuensis 1 0 0.1 0 
Polygonatum pubescens 30 2.7 3.2 1.5 
Populus grandidentata 4 0 0.2 0.3 
Populus tremuloides 14 0.5 1.4 2 
Prenanthes alba 1 0 0 0 
Prunus virginiana 27 2.5 2.2 2.6 
Pteridium aquilinum 12 1 1.1 0.9 
Pyrola americana 1 0.5 0 0 
Pyrola elliptica 5 0.5 0.3 0.5 
Quercus macrocarpa 22 1.7 1.7 1.1 
Quercus rubra 23 2.2 1.2 1.8 
Rhamnus cathartica 2 0 0 0.2 
Ribes cynosbati 22 1.5 1.6 1.2 
Ribes triste 8 0.7 0.6 0.1 
Rosa acicularis/blanda 1 0 0 0.1 
Rubus pubescens 11 1.5 0.6 1.2 
Rubus sp 1 0.5 0 0 
Sanguinaria canadensis 4 0 0.3 0.1 
Sanicula marilandica 13 1 1.1 0.7 
Schizachne purpurascens 1 0 0 0 
Scutellaria lateriflora 1 0 0 0.2 
Smilax ecirrhata 5 0 0.7 0 
Smilax lasioneura 2 0 0.2 0 
Solidago flexicaulis 10 0.7 0.6 0.8 
Solidago hispida 2 0 0 0.1 
Solidago sp/juncea/canadensis 3 0.5 0.1 0 
Streptopus lanceolatus 32 3.3 3.4 3.4 
Symphyotrichum ciliolatum 3 0 0.3 0.2 
Symphyotrichum lateriflorum 3 0.5 0.1 0.2 
Symphyotrichum urophyllum 4 0.5 0.3 0.2 
Taraxacum officinale 4 0.5 0 0.2 
Thalictrum dioicum 18 1.5 1.4 1.2 
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Tilia americana 27 2.8 2.3 1.8 
Toxicodendron rydbergii 2 0 0.2 0.2 
Trientalis borealis 27 2.3 2.9 1.6 
Trillium cernuum 6 0.2 0.4 0.5 
Trillium grandiflorum 1 0 0.1 0 
Trillium sp 5 0.7 0 0.3 
Ulmus americana 6 0.2 0.4 0.2 
Uvularia grandiflora 30 3.2 5.9 4 
Uvularia sessilifolia 24 1.8 3.1 1.4 
Vaccinium angustifolium 1 0 0 0.2 
Vaccinium myrtilloides 3 0 0.3 0.4 
Viburnum lentago 1 0 0 0.1 
Viburnum opulus 1 0 0.1 0 
Viburnum rafinesquianum 12 0.5 1.2 0.8 
Viburnum trilobum 1 0 0.1 0 
Viola conspersa 2 0 0.1 0.2 
Viola pubescens/canadensis 27 2.8 2.1 1.7 





APPENDIX B. MEAN UNDERSTORY VEGETATION COVER CHANGE BETWEEN 1989-1996 AND 
2017 SAMPLING PERIODS. 
 
Mean understory cover (%) between 1989-1996 and 2017 sampling periods 
Species 1989-1996 (%) 2017 (%) Change (%) 
Acer saccharum 32.68 12.5 -20.18 
Carex pensylvanica 36.78 19.145 -17.635 
Uvularia grandiflora 10.455 4.92 -5.535 
Corylus cornuta 8.29 2.91 -5.38 
Dirca palustris 6.635 2.28 -4.355 
Oryzopsis asperifolia 7.815 3.535 -4.28 
Acer spicatum 6.03 2.205 -3.825 
Aralia nudicaulis 6.565 2.8 -3.765 
Maianthemum canadense 7.775 4.23 -3.545 
Ostrya virginiana 7.475 4.115 -3.36 
Streptopus lanceolatus 5.875 3.41 -2.465 
Eurybia macrophylla 5.195 2.975 -2.22 
Thalictrum dioicum 3.53 1.35 -2.18 
Cornus alternifolia 4.01 2.325 -1.685 
Lycopodium annotinum 1.885 0.25 -1.635 
Athyrium filix-femina 5.26 3.635 -1.625 
Anemone americana 3.175 1.675 -1.5 
Polygonatum pubescens 4.02 2.605 -1.415 
Acer rubrum 2.745 1.4 -1.345 
Osmorhiza claytonii 3.65 2.325 -1.325 
Trientalis borealis 3.74 2.425 -1.315 
Rubus sp 1.315 0.075 -1.24 
Gymnocarpium dryopteris 1.44 0.425 -1.015 
Clintonia borealis 2.76 1.75 -1.01 
Lycopodium dendroideum 1.765 0.825 -0.94 
Abies balsamea 1.425 0.625 -0.8 
Rubus pubescens 1.685 0.925 -0.76 
Pteridium aquilinum 1.735 1.05 -0.685 
Galium triflorum 1.85 1.2 -0.65 
Lonicera canadensis 2.24 1.725 -0.515 
Symphyotrichum ciliolatum 0.73 0.225 -0.505 
Brachyelytrum aristosum 1.105 0.775 -0.33 
Maianthemum racemosum 1.41 1.1 -0.31 
Cornus canadensis 0.375 0.075 -0.3 
Cornus rugosa 0.48 0.225 -0.255 
Botrychium virginianum 1.855 1.6 -0.255 
Lathyrus venosus 0.375 0.125 -0.25 
Prunus pensylvanica 0.25 0 -0.25 
Pyrola chlorantha 0.25 0 -0.25 
Populus balsamifera 0.225 0 -0.225 
99 
 
Diervilla lonicera 0.625 0.4 -0.225 
Mitella nuda 0.3 0.075 -0.225 
Quercus rubra 1.73 1.525 -0.205 
Circaea lutetiana 0.28 0.075 -0.205 
Actaea rubra 1.005 0.8 -0.205 
Luzula acuminata 0.55 0.375 -0.175 
Prenanthes alba 0.2 0.025 -0.175 
Smilax ecirrata 0.175 0 -0.175 
Ribes cynosbati 1.655 1.5 -0.155 
Adiantum pedatum 0.28 0.125 -0.155 
Galium boreale 0.275 0.125 -0.15 
Rosa acicularis/blanda 0.175 0.025 -0.15 
Equisetum sylvaticum 0.2 0.075 -0.125 
Lonicera dioica 0.125 0 -0.125 
Solidago flexicaulis 0.775 0.65 -0.125 
Ulmus americana 0.425 0.3 -0.125 
Dryopteris carthusiana 0.63 0.525 -0.105 
Botrychium matricariifolium 0.1 0 -0.1 
Carex gracillima 0.2 0.1 -0.1 
Amelanchier sp 1.05 0.975 -0.075 
Picea glauca 0.225 0.15 -0.075 
Cinna 0.075 0 -0.075 
Equisetum hyemale 0.15 0.075 -0.075 
Erigeron philadelphicus 0.075 0 -0.075 
Lycopodium lucidulum 0.075 0 -0.075 
Symphyotrichum oolentangiense 0.075 0 -0.075 
Vaccinium angustifolium 0.15 0.075 -0.075 
Asarum canadense 1.415 1.36 -0.055 
Monotropa hypopithys 0.05 0 -0.05 
Viburnum lentago 0.075 0.025 -0.05 
Corallorhiza maculata 0.15 0.1 -0.05 
Smilax lasioneura 0.15 0.1 -0.05 
Sanicula marilandica 1 0.975 -0.025 
Petasites frigidus 0.1 0.075 -0.025 
Aquilegia canadensis 0.025 0 -0.025 
Corallorhiza striata 0.025 0 -0.025 
Dryopteris cristata 0.025 0 -0.025 
Phegopteris connectilis 0.025 0 -0.025 
Symphyotrichum puniceum 0.025 0 -0.025 
Apocynum androsaemifolium 0.175 0.15 -0.025 
Pinus strobus 0.075 0.05 -0.025 
Trillium cernuum 0.425 0.4 -0.025 
Amphicarpaea bracteata 0.63 0.625 -0.005 
Circaea alpina 0.075 0.075 0 
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Corylus americana 0.075 0.075 0 
Milium effusum 0.025 0.025 0 
Parthenocissus vitacea 0.025 0.025 0 
Solidago sp/juncea/canadensis 0.125 0.125 0 
Symphyotrichum lateriflorum 0.225 0.225 0 
Viburnum trilobum 0.075 0.075 0 
Anemone quinquefolia 3.44 3.455 0.015 
Matteuccia struthiopteris 0.275 0.3 0.025 
Elymus hystrix 0 0.025 0.025 
Hieracium scabrum 0 0.025 0.025 
Lactuca biennis 0 0.025 0.025 
Platanthera aquilonis 0 0.025 0.025 
Poa palustris 0 0.025 0.025 
Schizachne purpurascens 0 0.025 0.025 
Solidago hispida 0.025 0.05 0.025 
Desmodium glutinosum 0.075 0.1 0.025 
Aralia racemosa 0.9 0.925 0.025 
Corallorhiza trifida 0.1 0.15 0.05 
Monotropa uniflora 0.025 0.075 0.05 
Onoclea sensibilis 0.025 0.075 0.05 
Bromus latiglumis 0.075 0.125 0.05 
Cicuta maculata 0.075 0.125 0.05 
Lycopodium clavatum 0.075 0.125 0.05 
Rhamnus cathartica 0 0.05 0.05 
Populus grandidentata 0.15 0.2 0.05 
Toxicodendron rydbergii 0.15 0.2 0.05 
Osmunda claytoniana 0.84 0.905 0.065 
Agrostis perennans 0 0.075 0.075 
Carex brunnescens 0 0.075 0.075 
Cirsium arvense 0 0.075 0.075 
Cryptotaenia canadensis 0 0.075 0.075 
Elymus canadensis 0 0.075 0.075 
Epilobium ciliatum 0 0.075 0.075 
Epipactis helleborine 0 0.075 0.075 
Festuca subverticillata 0 0.075 0.075 
Impatiens capensis 0.075 0.15 0.075 
Poa saltuensis 0 0.075 0.075 
Pyrola americana 0 0.075 0.075 
Scutellaria lateriflora 0 0.075 0.075 
Trillium grandiflorum 0 0.075 0.075 
Viburnum opulus 0 0.075 0.075 
Viola conspersa 0.075 0.15 0.075 
Carex radiata 0 0.1 0.1 
Fraxinus nigra 0.1 0.2 0.1 
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Viola pubescens/canadensis 1.955 2.075 0.12 
Carex deweyana 0.175 0.3 0.125 
Prunus virginiana 2.255 2.38 0.125 
Sanguinaria canadensis 0.075 0.2 0.125 
Fraxinus pennsylvanica 1.31 1.45 0.14 
Taraxacum officinale 0 0.15 0.15 
Cypripedium parviflorum 0.075 0.225 0.15 
Viola 
sp/blanda/renifolia/selkirkii/sororia 
0.5 0.65 0.15 
Tilia americana 2.055 2.23 0.175 
Betula alleghaniensis 0 0.175 0.175 
Caulophyllum thalictroides 0.25 0.425 0.175 
Crataegus sp 0 0.175 0.175 
Goodyera pubescens 0.05 0.225 0.175 
Pyrola elliptica 0.2 0.375 0.175 
Carex intumescens 0.025 0.2 0.175 
Carex arctata 0.175 0.375 0.2 
Vaccinium myrtilloides 0.075 0.275 0.2 
Viburnum rafinesquianum 0.73 0.95 0.22 
Fragaria virginiana 0.8 1.025 0.225 
Huperzia lucidula 0 0.225 0.225 
Trillium sp 0 0.225 0.225 
Equisetum pratense 0.025 0.275 0.25 
Lonicera hirsuta 0.2 0.475 0.275 
Betula papyrifera 0.15 0.425 0.275 
Equisetum scirpoides 0.275 0.55 0.275 
Uvularia sessilifolia 2.12 2.41 0.29 
Symphyotrichum urophyllum 0 0.3 0.3 
Ribes triste 0.1 0.45 0.35 
Smilax ecirrhata 0 0.375 0.375 
Lathyrus ochroleucus 0.805 1.3 0.495 
Carex pedunculata 2.56 3.185 0.625 
Populus tremuloides 0.8 1.455 0.655 
Arisaema triphyllum 0.325 1.125 0.8 
Quercus macrocarpa 0.45 1.5 1.05 
  
 
